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ABSTRACT
There is increasing evidence that elevated levels of nitrate are degrading aquatic
ecosystems while increasing atmospheric carbon levels are leading to global climatic
shifts. Riparian wetlands may alleviate the impacts of elevated nitrate and atmospheric
carbon through denitrification and long-term carbon storage. However, anthropogenic
impacts in the surrounding landscape likely affect the ability of riparian wetlands to
provide these ecosystem services. Changes in land-use regimes surrounding riparian
wetlands has been known to alter plant communities, hydrology, and soils. However, few
studies examine whether the different plant communities associated with land-use regime
affect decomposition or total carbon inputs and outputs within these wetlands and
whether these differences lead to differential carbon storage. For denitrification,
surrounding-land use likely influences the concentration of important abiotic parameters
such as nitrate and dissolved organic carbon. However, it is not understood how
surrounding land-use influences the distribution of these parameters and thus the
distribution of denitrification in space and time. To better understand the influences of
land-use on denitrification and carbon storage, three high disturbance and three low
disturbance headwater wetlands were selected. Factors known to affect denitrification in
shallow groundwater were analyzed at a meter scale and used to construct functional
habitats to examine the combined effects of multiple parameters on denitrification. To
examine effects of plant community on carbon storage I classified the sites by plant
community, performed a yearlong decomposition experiment, and measured organic
carbon inputs and outputs at each site.
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Five distinct denitrification functional habitats were identified across the six sites.
Distribution of three out of five functional habitats differed between high and low
disturbance sites, indicating that surrounding land-use regime likely influences the spatial
characteristics of biogeochemical parameters important to denitrification. Carbon storage
differed between the plant communities, with low disturbance sites dominated by Tsuga
canadensis having the highest soil carbon levels. The differences in carbon storage were
likely due to differential decomposition and carbon inputs and outputs between the
different plant communities. Litter quality was found to be a large driver of
decomposition dynamics, as litter with greater percent C, percent lignin, C:N ratios, and
lignin:N ratios decomposed more slowly. Furthermore, significant differences in
dissolved organic carbon concentration and quality, as well as soil carbon content and
quality between high and low disturbance sites indicate shifts in carbon dynamics which
can likely be attributed to differences in plant community. Overall, large changes were
seen in carbon dynamics and biogeochemical parameters associated with denitrification
between high and low disturbance sites, indicating that surrounding land use has a large
effect on C and N cycling in headwater wetlands.
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Chapter 1 Denitrification and Carbon Storage in Riparian Wetlands:
Background and Current Issues

Background

Human activity has been shown to increase nitrate (NO3-) in aquatic ecosystems,
which can cause eutrophication and harmful algal blooms (Committee on Environment
and Natural Resources 2010). When algae die, bacteria responsible for decomposing the
algae consume large quantities of oxygen in the water column, with negative impacts on
aquatic food chains and overall ecosystem health in rivers, lakes, and estuaries (Diaz and
Rosenberg 2008). Wetlands are known for removing NO3- through the process of
denitrification, wherein denitrifying bacteria convert NO3- in soil and water to unreactive
gaseous forms (Firestone and Davidson 1989; Cleemput et al. 2007). Studies have shown
that riparian wetlands are capable of removing 52% to 99% of input NO3- (Haycock and
Pinay 1993; Jordan et al. 2003). The preservation and reconstruction of wetlands,
especially riparian wetlands, has been proposed as a relatively low-cost way to reduce
NO3- inputs into rivers and lakes, and thus reduce the occurrence of eutrophication
(Bystrom 1998; Mitsch and Day 2006; Craig et al. 2008).
Anthropogenic activity has also been linked to increasing levels of atmospheric
carbon dioxide (CO2), causing worldwide climatic shifts (Trenberth et al. 2007;
Rosenzweig et al. 2007). These changes can result in agricultural instability, shifting of
the natural ranges of plants and animals, flooding of low level communities, and stronger
storms (Easterling et al. 2007; Nicholls et al. 2007; Rosenzweig et al. 2007). Wetlands in
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North America contain an estimated 220 Pg of carbon, and sequester approximately 49
Tg of carbon per year (Bridgham et al. 2006). While carbon storage is often offset by the
release of methane (CH4) from wetlands (Roulet 2000), studies have shown that riparian
wetlands have lower CH4 emission rates compared with other wetland types (0.03 g
CH4/m2/day for riparian wetlands compared with 0.2 g CH4/m2/day for bogs and 0.07 to
0.12 g CH4/m2/day for swamps), making them ideal for carbon storage (Matthews and
Fung 1987; Bartlett and Harriss 1993; Altor and Mitsch 2006).
Historically, many wetlands were drained to make way for agriculture and urban
areas (Mitsch and Gosselink 2007). Only recently have wetlands have been appreciated
for the provisioning of ecosystem services, resulting in policies designed to prevent the
destruction and promote the restoration of wetlands (Mitsch and Gosselink 2007).
However, wetlands are also impacted by the surrounding land use regime, meaning the
long-term activities (e.g. agriculture or urbanization) within the landscape surrounding a
wetland. Previous research has shown that as percent forest cover decreases, a number of
structural shifts occur within riparian wetlands including changes in hydroperiod (Hychka
et al. 2013), plant community (Chamberlain et al. 2013), and soils (Drohan and Brooks.
2013). These shifts are likely to cause changes in water chemistry, soil chemistry, plant
biomass, plant litter quality, and decomposition that may affect carbon storage and
denitrification.
Disturbance to wetlands has been shown to reduce wetland carbon storage
(Bischel-Machung et al. 1996; Bruland and Richardson 2006; Moon 2012). Wetlands in
agricultural land use regimes tend to have lower water tables, plant communities
dominated by invasive species, and lower tree density (Miller et al. 2006; Moon 2012;
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Hychka et al. 2013). These alterations could increase decomposition and thus reduce
carbon storage in high disturbance wetlands by creating a more aerobic environment,
altering plant litter quality towards increasing decomposability, and increasing
temperature (Emery and Perry 1996; Atkinson and Cairns 2001; Liao et al. 2007; Moon
2012).
The functions of denitrification and carbon storage are also linked. Soil carbon
can be a major source of dissolved organic carbon (DOC) (Hagedorn et al. 2004), which
is important to denitrification. Therefore changes in the function of carbon storage may
be linked to changes in the function of denitrification (Jordan et al. 2007; Barnes et al.
2012). In denitrification, NO3- is used as a terminal electron acceptor by denitrifying
bacteria and oxidized into N2O and N2 gas (Firestone and Davidson 1989). As a
microbial process, denitrification is most directly affected by small-scale biogeochemical
factors in a wetland such as NO3- concentration (Seitzinger 1994), DOC concentration
(Sirivedhin and Gray 2006), temperature (Sirivedhin and Gray 2006), pH (Simek and
Cooper 2002), and dissolved oxygen (DO) (Hochstein et al. 1984). These small-scale
factors can also be affected by the alteration of wetland hydrology, soil, and plant
community associated with agricultural land-use regimes (Adamus and Brandt 1990;
Setizinger 1994; Groffman et al. 2002; Moon 2012).
Due to the economic and ecological importance of carbon storage and
denitrification, there is great interest for wetland managers to be able to quickly and
accurately assess carbon storage and denitrification. However, measuring these functions
is often difficult and expensive. Therefore wetland managers often use assessments that
rely on more easily measured ecosystem structures as predictors of function. Ecosystem
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structures are the physical components and the connections between physical components
of an ecosystem, while ecosystem functions are the characteristic processes and activities
that take place within an ecosystem (e.g. nitrogen cycling or maintenance of biodiversity)
(Smith et al. 1995). Current uses of site-scale measurements of ecosystem structure in
rapid assessments to predict functions such as denitrification have yielded mixed results
(Fennessy et al. 2004; Jordan et al. 2007; Stander and Ehrenfeld 2009). Furthermore, few
studies have examined the effects of plant community differences on decomposition and
carbon storage in wetlands. This gap in knowledge has led to carbon functional
assessments that generally ignore plant community types, which may be detrimental to
accurately predicting carbon storage and other carbon-influenced wetland functions such
as denitrification.
Though the definition of ecosystem structure includes both biotic and abiotic
elements, the most common metrics for ecosystem structure, such as species richness and
population density, are biotic (Westman 1978; Schwartz et al. 2000). This can result in
irrelevant measures of ecosystem structure for functions primarily dependent on abiotic
factors, such as denitrification (Myster 2001; Jordan et al. 2007). Part of the difficulty in
incorporating abiotic elements into ecosystem structure lies in the lack of simple
measures, like species richness, that adequately represent the abiotic components and
their relationships to one another. New measures of ecosystem structure that incorporate
these abiotic components are needed if we are to improve wetland assessments for
denitrification. Here, I introduce the concept of biogeochemical structure, which can be
defined as the spatial distributions and relationships between the chemical factors (e.g.,
NO3-, DOC, or pH) and microbial fauna related to an identified ecosystem function (e.g.
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denitrification, phosphorous removal, or carbon storage), to provide a more accurate
description of ecosystem structure for biogeochemical processes. By examining
biogeochemical structure we may be able to improve wetland assessments for functions
influenced by abiotic factors, such as denitrification.

Research Objectives

The experiments within the four research chapters of my dissertation are designed
to explore the effects of agricultural and forested land-use regimes on variables known to
affect denitrification and carbon storage in riparian wetlands.

Chapter 2:


Examine small-scale differences in biogeochemical variables relevant to
denitrification as a likely explanation for within-site variability in denitrification
rates.



Determine whether anthropogenic activity surrounding these systems impact the
spatial characteristics of biogeochemical structure.

Chapter 3:


Determine whether different plant communities associated with various land use
regimes result in differential decomposition of plant matter between wetlands.



Examine whether differences in decomposition result in differences in soil
carbon storage.
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Chapter 4:


Determine the effects of disturbance on the carbon budget (inputs vs. outputs) of
riparian wetlands.

Chapter 5:


Examine the effect of land-use regime on the multiple process scale factors
associated with carbon storage and denitrification.



Test the utility of the Adjusted Floristic Quality Index (I´) as a useful proxy for
these process scale variables

Through examining these areas, I hope to provide useful feedback on how riparian
wetland ecosystem structure is affected by disturbance, how wetland functions are
assessed, and to lay the groundwork for improving wetland condition assessments for
carbon storage and denitrification in the future.

Research Approach

Ridge and Valley Ecoregion
The Ridge and Valley ecoregion, in which these studies take place, is an area
stretching between southeastern New York and northeastern Alabama. It is defined by
parallel mountain ranges running northeast to southwest that form alternating ridges and
valleys. Ridges are primarily formed of sandstone, while valleys can be comprised of
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shale, siltstone, limestone, or dolomite (McNab and Avers 1996). In the northern regions
of the Ridge and Valley the climate is distinctly seasonal, with average temperatures
ranging between 20-40 °F in the winter and 60-80 °F in the summer (Fig 1-1). Mean
annual precipitation ranges between 30 to 45 inches per year, with 20-30% of
precipitation falling as snow (McNab and Avers 1996).
Because of the unique geomorphology of the Ridge and Valley, wetlands in this
ecoregion are generally smaller in size, with the average wetland being about 0.4 ha
(Brooks et al. 2013). Headwater floodplains associated with 10, 20, and 30 streams are the
most common type of wetland in this region (Penn State Cooperative Wetland Center
2004). 10, 20, and 30 streams represent over 90% of total stream mileage in the Ridge and
Valley ecoregion (US EPA 2000), meaning wetlands associated with these streams can
have great impact on stream health and water quality.

Site Selection

Six sites were chosen in central Pennsylvania (Fig 1-2). The sites selected are all
in the Upper Juniata watershed (HUC 02050302, 255,717ha), located in the Ridge and
Valley ecoregion. The watershed is approximately 70% forested, 27% agriculture, and
3% urban (Wardrop et al. 2007b). All sites are headwater floodplain wetlands. The six
sites break down into three high disturbance and three low disturbance wetlands as
represented by each wetland’s Rapid Assessment score (Wardrop et al. 2007a). The
Rapid Assessment score is an indicator of wetland condition based on surrounding land
cover, number of stressors within a wetland, and the size and quality of the buffer zone
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around the wetland (Moon and Wardrop 2013). The score ranges from 0 to 100 with
higher numbers indicating greater anthropogenic impacts (Moon and Wardrop 2013).
Rapid Assessment scores had been previously calculated for each site (Wardrop et al.
2007b). Sites with a score higher than 50 were classified as high disturbance while sites
with a score lower than 50 were classified as low disturbance.
Analysis of land-use surrounding each site using land cover data from 2005
indicate that low disturbance sites are primarily surrounded by forest (>75%) and high
disturbance sites are surrounded by a mixed-use landscape of agriculture (30%--60%),
urban (0%-1%), and forest (<40%) within a 1 km radius (Warner et al. 2005). Current
satellite imagery indicates that these land-use regimes have not substantially changed
since 2005 (Google Earth 2012). Land cover within a 1-km radius circle surrounding the
site has been established as a good first approximation of overall wetland condition
(Brooks et al. 2004; Wardrop et al. 2007b).
Sites were limited to sandstone, siltstone, or shale primary and secondary
lithology by mapping wetland locations over a map of Pennsylvania geology in ArcGIS
and excluding all sites overlying limestone primary or secondary lithology (PA Bureau of
Topographic and Geologic Survey 2001). While no one soil series dominates hydric soils
in the Ridge and Valley ecoregion by area, sites in Holly, Udifluvent-Dystrorchepts,
Philo-Basher, or Atkins soil series were selected since they are the most common alluvial
soil series in the Ridge and Valley Ecoregion (Soil Survey Staff 2005). Soil maps for
selected sites were verified in the Web Soil Survey
(http://websoilsurvey.nrcs.usda.gov/app/HomePage.htm) to ensure that sites were not
located near a soil series boundary, and to take note of other soil series in the area. Once
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sites were selected based on lithology, soil series and disturbance class, they were
inspected in person prior to final inclusion in the study. If the soil series observed in the
field did not match the mapped soil series (e.g. if it was not a hydric soil type or not one
of the previously selected common hydric soil types), or if a disturbance aside from
altered land-use regime (such as acid mine drainage) was noted then the site was
abandoned. This process resulted in six headwater floodplain sites selected across the
disturbance gradient (Table 1-1). Once each site was approved, a 400m2 area within each
site was selected in which to perform the studies.
Differences were noted in soil morphology between high and low disturbance
sites. Soil profiles at high disturbance sites often had very few distinguishing horizons
and very faint, gradual boundaries compared to low disturbance sites, which tended to
have more distinct horizons. High disturbance sites also lacked an O horizon, which was
generally present at low disturbance sites. Despite the sites being identified as headwater
wetlands, not all soils within each site qualified as hydric. Based on 20 randomly sampled
soil cores within each site, approximately 35-70% of soils at each site contained hydric
indicators (USDA 2010). This is due to the varying topography within headwater
floodplains, which alternates between wetter remnant stream channels and drier
hummocks (Lindbo and Richardson 2001). It should be noted that hydric soil indicators
are used to define wetland boundaries for regulatory purposes, and even though
floodplain systems may alternate between hydric and non-hydric soils they are generally
mapped as a single wetland unit and considered to be a coherent ecosystem (Lindbo and
Richardson 2001; USDA 2010).
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Sites ranged between 226.4 and 373.1 m in elevation (Google Maps 2012), with
no distinct differences in elevation between high and low disturbance sites. Catchment
area, which was determined using 10 m resolution Digital Elevation Models (DEMs)
(USGS 1999) in ArcGIS and picking the nearest stream point as the catchment outlet,
ranged between 7.68 and 129.4 km2, with the average catchment size being 40.34 ± 44.56
km2. Low disturbance sites tended to have catchments around 25 to 30 km2 in size, while
high disturbance sites varied widely in catchment size (Table 1-1). Total stream length
within each catchment was determined using 3.2 ft resolution DEMs and a 25,000 m2
drainage area threshold (PA DCNR 2008; Brubaker 2011), was generally proportional to
catchment size, and ranged between 33.67 km in the smallest catchment and 660.85 km
in the largest catchment (Table 1-1).
The six sites were also split into three plant communities: Hemlock-Mixed
Hardwood Palustrine Forest (H-MH), Broadleaf Palustrine Forest (BPF), and Reed
Canary Grass Floodplain Grassland (RCG) based on the Pennsylvania Natural Heritage
Program’s palustrine plant community classifications for Pennsylvania (Zimmerman et
al. 2012) (Table 1-1). The H-MH sites were populated by Tsuga canadensis,
Rhododendron sp., and a variety of ferns. The H-MH community is found in the Ridge
and Valley Ecoregion as well as throughout northern PA, and is considered uncommon,
but not rare (Zimmerman et al. 2012). The BPF sites were a mix of Fraxinus sp., Acer
sp., and Carya sp. (Zimmerman et al. 2012). Though Zimmerman et al. further break the
BPF category into different classifications, the two sites in this category did not fit any of
the classifications, as there was not one type of broadleaf tree that dominated the canopy.
The two RCG sites were primarily dominated by Phalaris arundinacea, Secuigera varia,
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and Rosa multiflora and had very little tree cover (30%-50%). The RCG community is
present throughout PA and is considered common (Zimmerman et al. 2012). Plant lists
determined in 2013 for each site are included in Appendix A. Disturbance likely plays a
part in determining plant community, as Tsuga canadensis prefers low disturbance
environments, while high disturbance sites are more likely to be dominated by Phalaris
arundinacea and Rosa multiflora and have lower tree cover compared with low
disturbance sites (Chamberlain et al. 2013). However, disturbance is not the sole
determinant of the plant community, as sites with broadleaf trees can be either high or
low disturbance.

Land Use History and Site Descriptions
Though sites were selected based on current land-use regime and plant
community, attention was also paid to potential legacy effects. A regional atlas dating
from 1873 and aerial photographs from 1938, 1957, and 1968 were used to examine past
land use (Nichols 1873; www.pennpilot.psu.edu accessed 7/29/2014). Given the history
of wide-spread logging in Pennsylvania, the prevalence of lumber mills near some sites,
and that no sites were located in old-growth forest it is safe to presume that all sites had
been logged at some point in history prior to 1938 (Nichols 1873; Abrams and Nowacki
1992). Aerial photographs from 1938 show that the forest had regrown at all low
disturbance sites by this time, with later photographs from 1957 and 1968 showing that
the forest remained intact (Appendix A). Aerial photographs show that high disturbance
sites had low forest cover and were surrounded by a large amount of agricultural land use
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since 1938, with patches of surrounding forests slowly recovering between 1938 and
1968, Overall, aerial photographs showed fairly stable land-use regimes since 1938
(Appendix A).
Comparison of current plant community (2013) and past plant community (19942000) revealed that plant community quality was similar between these two time periods,
and thus indicate that these sites were likely not recently disturbed (Riparia Internal
Database, data accessed 7/29/2014) (Table 2-2). Plant community quality was compared
using the Adjusted Floristic Quality Index (I´) metric, which accounts for both native and
invasive species (Miller et al. 2006, for detailed description see Chapter 5 methods).
While some small differences in I´ did occur between the two time periods, they are
likely attributable to discrepancies in the skill level of the botanist(s) performing the plant
surveys, the total area surveyed, the exact location of the survey within the site, and the
month of the survey. Furthermore, examination of the plant lists from both time periods
reveals that none of the sites changed plant community type between 1994-2000 and the
onset of this study.
The land use history and current condition of each site is as follows:
Whipple Dam
Whipple Dam is a low disturbance, H-MH site located within Whipple Dam State Park in
Huntingdon County, PA. Though likely logged in the late 1800’s, as indicated by the presence of
the T. Lytle sawmill downstream in an historic atlas, the area became a state park in the early
1930’s, and aerial imagery indicates that forests had recovered by 1938 (Nichols 1873;
http://www.dcnr.state.pa.us/stateparks/findapark/whippledam/ accessed 8/4/2014, Appendix A).
The historic atlas indicates the presence of some residences upstream of the site dating from the
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1870s; currently there are hunting lodges upstream. There is no evidence that the wetland site
itself has ever been built upon or was ever part of a mill-pond.
Fork
Fork is a low disturbance, H-MH site located downstream of the Tipton Reservoir in
Blair county, PA. It is situated in State Game Lands #158. Historically, it was located
downstream of the Allegheny Coal and Lumber Co. sawmill and was also likely logged in the late
1800’s (Appendix A). Like Whipple Dam, the forests had recovered by 1938 and have been intact
since then. The Tipton Reservoir was built around 1920 and has never overflown or failed
(Personal communication, Tobias Nagle 1/28/2014; http://www.bellwoodantis.net/tipresb2.html,
accessed 8/4/2014). Other than the reservoir and associated buildings, there currently is minimal
development upstream and no evidence of building on the site itself.
Shaver’s Creek
Shaver’s Creek is a low disturbance, BPF site located within The Pennsylvania State
University Experimental Forest. Historically, Shaver’s Creek was located downstream of the M.
Radys sawmill, with other houses further upstream. Aerial photography indicates that the area
was reforested by 1938 and has remained forested since then. Some small patches of agriculture
or logging were noted in the area between 1938 and 1968, though these are all currently forested
(Appendix A). The area around Shaver’s Creek became part of the Experimental Forest in 1957
and a dam was built upstream of the site in 1960, creating Lake Perez
(http://www.athletics.psu.edu/stonevalley/sv_about.shtml, accessed 8/4/2014). Lake Perez was
drained in 2008 and remained empty over the course of this dissertation work. While some
logging experiments have occurred in the Experimental Forest, the location of the site itself has
remained undisturbed (Personal communication, Joseph Harding 7/8/2011).
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Cambaris
Cambaris is a high disturbance, BPF site located between Newry and Foot of Ten, PA.
Though not situated near any sawmills, the historical atlas shows a few buildings and a kiln
nearby the site in the late 1800’s. Aerial photographs show that while the site is forested from
1938 onward, it is in very close proximity to agricultural activity throughout this time (Appendix
A). Conversations with the landowner revealed that the site was used as pasture for bulls around
the 1950s and that limited logging has occurred in the site over time.
Cauldron
Cauldron is a high disturbance, RCG site located within Canoe Creek State Park in Blair
County, PA. In the late 1800’s there were multiple residences nearby the site, and in the early
1900’s there were limestone kilns and quarries nearby
(http://www.dcnr.state.pa.us/stateparks/findapark/canoecreek/ accessed 8/4/2014). Aerial
photography reveals agricultural activity and a few buildings in the close vicinity of the site from
1938 to 1968. While some of these buildings still remain, the ones closest to the site are no longer
present. Furthermore, some of the agricultural activity closest to the site has ceased since the
establishment of Canoe Creek State Park in 1979
(http://www.dcnr.state.pa.us/stateparks/findapark/canoecreek/ accessed 8/4/2014) and the forest is
beginning to regrow in these places. Though surrounded by agriculture, no evidence had been
found that the site itself has been recently plowed.
Mosquito
Mosquito is a high disturbance, RCG site located between Petersburg and Neffs Mills,
PA. In the late 1800’s a number of buildings were located in the vicinity, indicating heavy land
use (Appendix A). Many of the buildings shown in the historic atlas do not appear in the aerial

15
photographs, indicating that they had been removed by 1938. Aerial photography between 1938
and 1967 also shows heavy agricultural land use throughout this time, though a few more trees
are noted in the vicinity by 1967 (Appendix A). Satellite imagery from 2012 shows that area
around the site has seen a resurgence of nearby forest since 1967, though agricultural land use
still dominates the surrounding landscape (Appendix A). Conversations with the landowner
revealed that the site had been heavily impacted in the 1970’s due to rerouting of the nearby
stream, which resulted in a large amount of fill material being added to the site.

While it is impossible to completely control for all factors within natural systems, sites
were controlled as much as possible for wetland type, climate, geology, elevation, catchment
area, disturbance, legacy effects, and soil. Sites were limited to headwater wetlands with alluvial
soils and non-calcareous underlying geology. Land-use regime has changed fairly little within the
last 70 years according to aerial photography (Appendix A). However, there may be some
differences at the site Mosquito, as it has the largest catchment area and inflowing stream length
as well as the most recent direct disturbance compared with the other sites (Table 1-1). Overall, it
is likely that any differences seen in carbon storage and denitrification can be attributed to landuse regime induced changes within the wetlands, and not due to alternate factors.
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Tables and Figures

Table 1-1. Table of sites and associated characteristics

1. From Ripaira Reference Collection Database (2011)

2. Data from Web Soil Survey (6/2011)
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Table 2-2. Comaprison of floristic quality between 1994-2000 and 2013
Site
Whipple Dam
Fork
Shaver's Creek
Cambaris
Cauldron
Mosquito

Past I´ (Year)
55.2 (1994)
46.9 (2000)
41.4 (1994)
17.5 (2000)
13.9 (2000)
22.8 (2000)

Current I´ (2013)
47.7
56.3
36.5
26.7
23.5
21.3
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Figure 1-1. Daily temperature data, averages, minimums, and maximums for the State College,
PA weather station. Graph courtesy of the Applied Climate Information System (ACIS), which is
maintained by the National Oceanic and Atmospheric Administration (NOAA). Data accessed
8/19/2014 (http://xmacis.rcc-acis.org).
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Figure 1-2. Map of sites with local relief. Red stars indicate high disturbance sites while black
stars indicate low disturbance sites.
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Chapter 2 Biogeochemical Structure as an Explanatory Factor for High
Variability of Denitrification Rates in Riparian Wetlands

Introduction

With few exceptions, NO3- removal studies have shown that riparian wetlands are
very efficient at decreasing NO3- levels in shallow groundwater, highlighting
denitrification as an important function for maintaining water quality (Haycock and Pinay
1993; Gilliam 1994; Jordan et al. 2003). However, land-use surrounding riparian
wetlands has been known to alter wetland hydroperiod, soil carbon, and N loading, which
may affect denitrification. Lower average water table and soil carbon found in riparian
wetlands in agricultural landscapes could potentially decrease denitrification (Hochstein
et al. 1994; Seitzinger 1994; Hefting et al. 2004; Bruland and Richardson 2006; Moon et
al. 2012; Hychka et al. 2013). At the same time, increased agricultural activity around
these same wetlands may increase N inputs, potentially increasing denitrification (Jacobs
and Gilliam 1985; Firestone and Davidson 1989; Pellerin et al. 2006). These conflicting
effects make predicting the effect of altered land-use on denitrification difficult.
Despite this difficulty, there is great interest for wetland managers to be able to
quickly assess denitrification capacity of a wetland through condition assessments. These
assessments often rely on easily measured proxies, such as plant community, tree density,
or evidence of hydrologic alteration (Fennessy et al. 2004). While these proxies provide a
good estimate of wetland condition, studies have found the relationship between assessed
wetland condition and hydrologic and N-cycling functions to be tenuous (Jordan et al.
2007; Stander and Ehrenfeld 2009; McLaughlin and Cohen 2013), indicating that the
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measures of structure used in wetland condition assessments may be ineffective proxies
for these functions. Jordan et al. noted that a common biogeochemical function score
quantified from wetland-scale measures of hydrologic alterations, tree basal area, tree
density, and number of standing dead trees did not correspond to measured potential
denitrification in wetlands (2007). While these wetland-scale structural metrics are easy
to measure, their relationship with denitrification rates is lacking.
Furthermore, denitrification displays high within-site variability, making the
prediction of denitrification capacity from wetland-scale parameters difficult (Groffman
et al. 2006). Denitrification is directly affected by biogeochemical parameters such as
NO3-, DOC, temperature, pH, and DO in groundwater, which can be highly variable
within wetlands (Hochstein et al. 1984; Seitzinger 1994; Simek and Cooper 2002; Hedin
et al. 2004; Sirivedhin and Gray 2006). While some studies have reported decreases in
denitrification with disturbance, others have either shown no effect or even increases in
denitrification (Seitzinger 1994; Hunter and Faulkner 2001; Bruland et al. 2006; Jordan et
al. 2007; Stander and Ehrenfeld 2009). The lack of consensus highlights the difficulty in
predicting denitrification and also indicates a complex relationship between disturbance
and the parameters that control denitrification. To improve wetland functional
assessments for denitrification, a better understanding of the distributions of
biogeochemical parameters in high and low disturbance wetlands is needed. Furthermore,
these parameters need to be incorporated into measures of ecosystem structure to create
structural measures relevant to denitrification.
Ecosystem structure that affects biogeochemical functions such as denitrification
could more precisely be called biogeochemical structure. Biogeochemical structure can
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be defined as the spatial distributions and relationships between the chemical factors
(e.g., NO3-, DOC, or pH) and microbial fauna related to an identified ecosystem function
(e.g. denitrification, phosphorous removal, or carbon storage). While it can include biotic
measures such as microbial biomass and diversity, it also encompasses the abiotic
chemical components found in soil and water.
A potential measure of biogeochemical structure is the measure of functional
habitat. Functional habitats can be described as distinct groupings of biotic and/or abiotic
elements known to influence an ecosystem function. In a detailed study, microbial
habitats were defined using a cluster analysis to group points with similar biogeochemical
edaphic parameters (pH, soil organic matter (SOM), NO3-, and ammonium (NH4+)) and
validated using measures of microbial community (Moon 2012). While this example uses
functional habitat to characterize microbial community structure, the concept can be
extended to biogeochemical ecosystem functions where known values of parameters
important to the function can be grouped into habitats. This provides us with a framework
within which we can examine the spatial variability of abiotic parameters, determine
whether this variability creates different denitrification habitats, and examine the
differences in habitat abundance between sites. Within this study, I use the functionalhabitat concept in order to:
1. Examine small-scale differences in biogeochemical variables relevant to
denitrification as a likely explanation for within-site variability in denitrification
rates.
2. Determine whether anthropogenic activity surrounding these systems impact the
spatial characteristics of biogeochemical structure.
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Materials and Methods

Water Chemistry

To sample shallow groundwater, twenty wells were installed in a random pattern
across a 20 m x 20 m plot located within each site. Shallow groundwater wells were
constructed of 20-slot PVC screen approximately 15 cm in length, with 5.1 cm diameter
PVC casing and were installed to collect water between the depths of -30 and -45 cm
below ground level. These depths are slightly below the average depths of water for
headwater wetlands in the area (Hychka et al. 2013). Water samples were collected in late
spring and early to late fall to obtain water chemistry data during times of relatively high
denitrification potential (Hanson et al. 1994). Wells were purged of standing water one to
two days prior to sampling. Water samples and hydraulic head measurements were
collected from each well that contained water on May 21st, 2012; October 1st, 2012;
October 27th, 2012; and May 27th, 2013 to obtain estimates of inter-seasonal, intraseasonal, and inter-annual variation. Extensive vandalism prevented collection of water
samples at Fork after May 21st, 2012. A peristaltic pump with Teflon tubing was used to
collect water samples in 125 ml ashed amber glass bottles (DOC) and 125 ml HDPE
plastic bottles (NO3- and NH4+). DO was recorded in the field using an YSI ProODO
optical oxygen sensor. Temperature and pH were measured with an YSI 63 meter. All
samples collected in the field were kept on ice in coolers until transport back to the lab
where they were stored at 4 ºC. Samples were filtered within one week and analyzed
within two weeks of collection. DOC samples were filtered using Whatman GF/F filters
while NO3- and NH4+ samples were filtered using GH Polypro 47 mm 0.45 µm
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Hydrophilic Polypropylene membrane filters. NO3- was analyzed using standard method
4110B (Dionex ICS-3000 Ion Chromatograph). NH4+ was analyzed using the 4500G
Automated Phenate method (Seal AQ2). DOC was analyzed using the high temperature
combustion method (Shimadzu TOC-VCPH w/ ASI-V). Tests for significant differences
in biogeochemical parameters between high and low disturbance classes were done using
Mann-Whitney U Tests in JMP® Pro 9.0.2.

Functional Habitats

In this study, I used functional habitats as a measure of biogeochemical structure
of denitrification in wetlands. Functional habitats were created by clustering parameters
known to be important to denitrification into distinct groups. Temperature, pH, DOC,
NO3-, DO and NH4+ data from all sampling events was clustered using Ward’s method in
JMP® Pro 9.0.2. The number of distinct functional habitats was determined by
examining the distances between clusters for the natural break point. JMP® Pro 9.0.2 was
used to run ANOVAs to examine defining characteristics of each functional group, and to
run the contour function using hydraulic head data to produce hydraulic gradient maps
with which to compare the distribution of functional habitats.

Estimating Denitrification Rates

Data from each sample was entered into a modified version of the denitrification
component of the Created Wetlands Model #1 (CWM1) by Langergraber et al (2009) in
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order to estimate denitrification rates (Eq. 1). Descriptions of model parameters can be
found in Table 2-1.
Eq. 1
𝐾𝐻2 𝑆
𝐾𝑁𝑂3
𝑑(𝑁𝑂3 ) 1 − 𝑌
𝐷𝑂𝐶
𝐾𝐷𝑂
=
×𝑛×𝜇×
×
×
×
𝑑𝑡
2.86𝑌
𝐾𝐷𝑂𝐶 + 𝐷𝑂𝐶 𝐾𝐻2 𝑆 + 𝐻2 𝑆 𝐾𝑁𝑂3 + 𝑁𝑂3 𝐾𝐷𝑂 + 𝐷𝑂
×

𝑁𝐻4+
× 𝐵𝑡 × 𝐹(𝑝𝐻) × 𝐹(𝑇)
𝐾𝑁𝐻4+ + 𝑁𝐻4+

The model was designed to simulate microbially induced biochemical
transformations occurring in constructed wetlands and did not include correction factors
for temperature or pH. To account for the effects of variable pH and temperature found
within natural wetlands, correction factors were added from the DeNitrification
DeComposition (DNDC) model (Eqs 2 and 3) (Li et al. 1992).
Eq. 2

𝐹(𝑝𝐻) = 7.14 ×

Eq. 3

𝐹(𝑡) = 2

𝑝𝐻−3.8
22.8

(𝑇 °𝐶−22.5)⁄
10

Values for DOC, NO3-, DO, NH4+, temperature, and pH were determined for each
sampling point in the field. Concentrations of H2S are assumed to be negligible for each
sample point based on previous studies of freshwater wetlands (Mitsch and Gosselink
2007). An estimate of heterotrophic biomass (1,225 mg C/L) was obtained from previous
work in central Pennsylvania riparian wetlands, (Moon 2012) and was assumed to be
constant over all sampling points. Tests for significant differences in estimated
denitrification between functional habitats were done with a Kruskal-Wallis test in JMP®
Pro 9.0.2.
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Results

The number of wells with water present at any one site varied between sampling
events, reflecting differences in hydrology between seasons and disturbance levels. It was
far more common for the water levels at the high disturbance sites to be too low to collect
water samples compared to the low disturbance sites. Mean pH was between 5.41 and
6.98 for all sites and sampling periods. NO3- and NH4+ concentrations averaged below 0.1
mg N/L and 0.2 mg N/L, respectively across almost all sites and sampling events, though
in some cases mean NO3- reached as high as 0.99 mg/L and NH4+ reached as high as 1.40
mg/L. These low levels of NO3- may limit denitrification at these sites (Holmes et al
1996). Mean temperature ranged between 12.7 and 21.3 ºC. Mean DOC concentrations
ranged between 1.68 and 11.25 mg C/L, and are likely not limiting denitrification at these
sites (Burford and Bremner 1975). Mean DO was above 1 mg/L for all sites at all
sampling events, which may reduce denitrification (Parkin and Teidje 1983; Robertson
and Kuenen 1984). Temperature and DOC were significantly higher (p<0.05) in the high
disturbance class than the low disturbance class (Fig 2-1a). No statistically significant
differences were noticed between spring and fall for any variable (Fig 2-1b).
Variability as expressed by coefficient of variation (CoV) was generally above
30% for DOC and DO, above 50% for NO3-, and above 100% for NH4+ (Table 2-2).
Variability was generally low for pH (CoVs around 4%) and temperature (CoVs around
5%). The high level of variability within a single site for DOC, DO, NO3-, and NH4+
during one sampling period illustrates high spatial heterogeneity within the relatively
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small 400 m2 sampling area for primary drivers of denitrification, creating the potential
for spatially variable denitrification capacity within a site.
Cluster analysis revealed four distinct functional habitats of varying abundance.
Sample points that had a water table too low to collect a data point (water level below -40
cm) were placed in a separate habitat called the No Water habitat. Previous research has
shown that denitrification rates are minimal to nonexistent when the water level drops
below -30 cm in floodplains (Hefting et al. 2004), and therefore the No Water habitat is
assumed to have no denitrification potential. The clusters were named by distinguishing
features, using ANOVA analysis on each variable to determine differences between
clusters (Table 2-3). This process resulted in the High NO3- habitat, the High NH4+/DOC
habitat, the Average habitat, and the High DO habitat.
Model results show that the High NO3- functional habitat displayed significantly
higher modeled denitrification compared with all other functional habitats. The High
NH4+/DOC functional habitat displayed a higher average modeled denitrification
compared to the Average and High DO functional habitats, but it was not significantly
different. The Average functional habitat had a mean modeled denitrification between
that of High NO3- and the High DO habitats, and was significantly different from both the
High NO3- and the High DO habitats. The High DO habitat had the lowest mean modeled
denitrification, and was significantly lower than the High NO3- and the High DO habitats.
The High NH4+/DOC habitat displayed a large amount of variability (Fig 2-2). This may
be due to the large amount of variation displayed by DOC concentrations in the High
NH4+/DOC habitat (Table 2-3).
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The High NO3- and High NH4+/DOC clusters were the least abundant, while the
No Water, Average, and High DO clusters were the most abundant. The distributions of
the functional habitats varied between sites and season. In many cases multiple functional
habitats were noted within a site. All five habitats occurred in both high and low
disturbance sites. However, the High DO habitat occurred more often in the low
disturbance sites compared to the high disturbance sites while the No Water and High
NH4+/DOC habitats occurred more often in the high disturbance sites. The High NO3-,
and Average habitats occurred approximately equally across high and low disturbance
sites (Fig 2-3 and 2-4).
Hydrology has been cited as a driver of the distributions of the biogeochemical
parameters important to denitrification in some riparian systems (Hedin et al. 1998; Frei
et al. 2012). To examine hydrology as a driver of functional habitat distribution,
hydrologic gradient (the slope of the water table) was compared to the distribution of
functional habitats for each site and sampling event. Hydrologic gradient at each site
followed the general topography of the site. Hydrologic gradient stayed mostly constant
over all sampling periods for Cambaris and Shavers. Whipple Dam showed a stronger
hydrologic gradient in the spring compared to the fall. Cauldron and Mosquito showed a
variable hydraulic gradient both within and between seasons. Cambaris generally showed
the strongest hydraulic gradient (Fig 2-5). In general, lower water levels were noted in the
high disturbance sites (as evidenced by the greater presence of No Water habitat (Fig 2-3
and 2-4). Aside from the No Water habitat, spatial patterns of the other four functional
habitats did not follow the hydrologic gradient (Fig 2-5). Comparisons between
biogeochemical parameters and hydraulic head showed little to no correlation between
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each parameter and hydraulic head (Table 2-4). In a few cases, an r2 greater than 0.6
occurred between a biogeochemical parameter and hydraulic head, but these cases were
isolated to specific sampling events and no general trends were found (Table 2-4).

Discussion

Significant differences in temperature and DOC concentrations between sites of
high and low disturbance suggest that differences in surrounding land cover are affecting
the biogeochemistry of headwater wetlands in central Pennsylvania. This corroborates
previous research within central Pennsylvania wetlands, which found that soil
temperature and pH increased in high disturbance wetlands (Moon 2012). However, this
research contrasts with studies in lacustrine and riverine wetlands of the Great Lakes
region that did not find a correlation between agricultural intensity and DOC, NO3-, or
NH4+, though these studies did find overall changes in water quality due to altered land
use (Crosbie and Chow-Fraser 1999; Trebitz et al. 2007).
Significantly higher DOC concentrations in high disturbance wetlands were
unexpected. The breakdown of SOM has been shown to be a large source of DOC
(Kalbitz et al. 2000; Hagedorn et al. 2004). Previous work has shown that high
disturbance wetlands tend to have lower SOM (Moon 2012; Drohan and Brooks 2013).
Thus I would have expected higher DOC concentrations at low disturbance sites due to a
greater presence of SOM from which DOC could be derived. The higher DOC
concentrations at high disturbance sites may be explained by increased decomposition of
plant material in high disturbance wetlands due to increased decomposability of invasive
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vegetation compared with the native plant community (Ehrenfeld 2003). Another
possible explanation is that changes in SOM decomposition are caused by flashy
hydrologic regimes commonly seen in high disturbance wetlands, where SOM is broken
down into DOC during extended dry periods and then enters the groundwater during wet
periods (Groffman 2002).
Previous research in central Pennsylvania has shown that homogenization of
edaphic biogeochemical parameters occurs within high disturbance wetlands (Moon
2012). This is in contrast with the findings of this project, as high spatial and temporal
variability of functional habitats was found in the high disturbance sites as well as the
low disturbance sites. Sites of high and low disturbance both showed high within-site
variability for biogeochemical parameters (Table 2-2). A potential reason for this may be
due to microtopography, which has been shown to be a driver of small-scale hydrologic
and biogeochemical dynamics (Frei et al. 2012). Previous research has shown that
microtopography does not differ significantly between disturbance classes (Moon 2012).
Thus, the lack of homogenization may be due to microtopography and small scale
hydrologic flow paths that may be maintaining heterogeneity of biogeochemical
parameters in high disturbance wetlands.
The statistically significant differences in mean modeled denitrification for three
of the four functional habitats (excluding the No Water habitat, where it was assumed
that denitrification was negligible) indicate that the functional habitats may be good
indicators of differential denitrification (Fig 2-2). Comparison between the functional
habitats and modeled denitrification results follow expected trends based on the defining
characteristics of the functional habitats. The High NO3- and High NH4+/DOC habitats
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had higher mean modeled denitrification, which agrees with research showing that high
levels of NO3- and DOC promote denitrification (Seitzinger 1994; Sirivedhin and Gray
2006). The High DO habitat displayed the lowest mean modeled denitrification, which
agrees with research showing greater levels of DO inhibit denitrification (Parkin and
Teidje 1983). Thus there is evidence that the functional habitats are biologically sound
measurements of differential denitrification.
The occurrence of five distinct functional habitats, and multiple habitats occurring
within a 400m2 area at most sites, indicates that the biogeochemical structure of
headwater wetlands is quite variable and may be the underlying cause of high within-site
variability for denitrification rates. The greater abundance of the No Water habitat at the
high disturbance sites indicates that denitrification is likely greatly inhibited at these sites
compared to the low disturbance sites. Furthermore, the existence of High NO3- and High
NH4+/DOC functional habitats may be indicative of hotspots and hot moments of
denitrification within headwater wetlands, as localized high concentrations of DOC
and/or NO3- have been shown to create hotspots and hot moments of denitrification
(Hedin et al. 1998). However, the temporal variability of the functional habitat
distribution calls into question the possibility of relating wetland-scale metrics such as
vegetation, which may not share the same temporal variability, to functional habitats. Yet
there may be utility in further developing wetland-scale metrics relating to the extent and
duration of soil saturation of the wetland such as the No Water habitat, as denitrification
capacity is generally minimal when the water level is lower than -30 cm below ground
level (Hefting et al. 2004).
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To be able to link functional habitats to more easily measured larger scale wetland
structural measurements, which would increase their utility to wetland managers, an
understanding of the drivers of functional habitat distribution must be achieved. As a
known possible driver of the distributions of DOC and NO3- in riparian wetlands (Hedin
et al. 1998; Frei et al. 2012), I examined hydrology as a driver of the distributions of
functional habitats. While hydrology is the major driver of the distribution of the No
Water habitat, the lack of a correlation between hydrologic gradient and the four other
functional habitats indicates that hydrology is unlikely to be the sole driver of functional
habitat distribution. This is further corroborated by the lack of consistent correlation
between hydraulic head and any of the biogeochemical parameters upon which functional
habitat is based. This contrasts with previous work demonstrating the connections
between hydrology and the small-scale spatial distribution of biogeochemical parameters
(Hedin et al. 1988; Frei et al. 2012). However, many of these previous studies were
performed at scales smaller than 1 m. It may be that factors other than hydrology are
more influential drivers of the distribution of biogeochemical parameters at scales greater
than 1 m. Adsorption and desorption of NO3- and NH4+ from soils may be a larger driver
of shallow groundwater NO3- and NH4+ concentrations at scales greater than 1 m
(Robertson et al. 1988). Vegetation distribution at larger scales could have an impact on
SOM and thus DOC distribution at the sites, as well as distribution of N compounds and
small-scale variations in temperature (Monteith and Szeicz 1962; Hook et al. 1991;
Hagedorn et al. 2004).
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Conclusions

I set out to examine biogeochemical structure within wetlands as a possible
explanatory factor for high within-site variability for denitrification rates found in
riparian wetlands. The identification of five distinct functional habitats which showed
high spatial and temporal variability within a 400 m2 area at most sites indicate that
biogeochemical structure is a likely cause of high within-site variability for
denitrification rates. Surrounding landscape use appears to influence the biogeochemical
structure of headwater wetlands, as the distributions of three of the five identified
functional habitats were skewed toward high or low disturbance sites. Furthermore,
significant differences between high and low disturbance sites were found in DOC and
temperature.
The utility of functional habitats in discriminating between areas of differential
denitrification was corroborated with modeled denitrification results, and functional
habitats may be useful for identifying potential hotspots and hot moments of
denitrification. Though there may be some broad utility in wetland-scale metrics that
describe wetland saturation, the temporal and spatial variability of the functional habitats
calls into question the utility of linking wetland-scale structural metrics to process-scale
parameters that ultimately determine denitrification.
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Tables and Figures
Table 2-1. CWM1 denitrification component model parameters
Parameter Description
Y

η

μ

Yield coefficient for
heterotrophic bacteria
Correction factor for
denitrification by heterotrophs
Maximum growth rate for
heterotrophic bacteria

Unit

Value Reference

g C/g C

0.63

Langergraber et al, 2009

unitless

0.08

Langergraber et al, 2009

1/day

6

Langergraber et al, 2009

K DOC

Saturation coefficient for DOC

mg C/L

2

Langergraber et al, 2009

K H2S

Saturation coefficient for H2S

mg S/L

140

Langergraber et al, 2009

K NO3

Saturation coefficient for NO3-

mg N/L

0.5

Langergraber et al, 2009

K DO

Saturation coefficient for DO

mg O2/L

0.2

Langergraber et al, 2009

K NH4

Saturation coefficient for NH4+

mg N/L

0.05

Langergraber et al, 2009

mg C/L

1225

Moon, 2012

B(t)

Microbial Biomass of
heterotrophs
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Table 2-2. Concentrations, standard deviations, and CoVs of measured water chemistry
parameters for each site and sampling event.
Disturbance
Class

Site

Date
5/21/2012

Cambaris

10/1/2012
10/27/2012
5/27/2013
5/21/2012

High

Cauldron

10/1/2012
10/27/2012
5/27/2013
5/21/2012

Mosquito

10/1/2012
10/27/2012
5/27/2013

Fork

**

5/21/2012
5/21/2012

Shavers

10/1/2012
10/27/2012

Low

5/27/2013
5/21/2012
Whipple
Dam

10/1/2012

***

10/27/2012
5/27/2013

N

pH

6.98 ± 0.24
5 (3.48%)
5.68 ± 0.24
12 (4.17%)
6.54 ± 0.08
4 (1.16%)
6.63 ± 0.12
3 (1.80%)
6.80 ± 0.16
10 (2.37%)
6.34 ± 0.25
15 (3.90%)
6.31 ± 0.07
4 (1.12%)
6.32 ± 0.08
6 (1.25%)
6.82 ± 0.12
12 (1.79%)
6.64 ± 0.02
3 (0.23%)
6.73 ± 0.05
3 (0.75%)
6.90 ± 0.10
5 (1.51%)
5.41 ± 0.37
3 (6.78%)
6.50 ± 0.27
14 (4.16%)
6.52 ± 0.11
13 (1.67%)
6.61 ± 0.08
13 (1.20%)
6.67 ± 0.17
11 (2.53%)
6.18 ± 0.41
18 (6.63%)
6.00 ± 0.31
17 (5.21%)
5.94 ± 0.27
12 (4.53%)
6.20 ± 0.32
13 (5.18%)

Temperature
(°C)
NH4+ (mg N/L)
15.54 ± 0.36 0.26 ± 0.35
(2.35%)
(136.04%)
16.22 ± 0.31 0.04 ± 0.07
(1.93%)
(182.38%)
17.10 ± 0.73 0.10 ± 0.08
(4.30%)
(82.87%)
17.83 ± 1.19 1.07 ± 1.40
(6.69%)
(130.12%)
15.72 ± 0.48 0.03 ± 0.03
(3.04%)
(81.11%)
16.83 ± 0.39 0.05 ± 0.04
(2.30%)
(83.50%)
18.00 ± 1.24 0.01 ± 0.01
(6.86%)
(76.59%)
17.68 ± 1.39 0.01 ± 0.01
(7.89%)
(63.25%)
18.26 ± 0.99 0.08 ± 0.1
(5.42%)
(120.60%)
21.30 ± 0.30 0.26 ± 0.24
(1.41%)
(93.34%)
15.17 ± 0.25 0.84 ± 1.02
(1.66%)
(120.58%)
20.58 ± 1.01 0.11 ± 0.08
(4.92%)
(69.72%)
14.67 ± 0.31 0.12 ± 0.04
(2.08%)
(32.45%)
17.56 ± 1.08 0.12 ± 0.16
(6.16%)
(138.89%)
14.96 ± 0.51 0.10 ± 0.16
(3.41%)
(165.08%)
14.51 ± 0.26 0.08 ± 0.15
(1.77%)
(182.28%)
15.56 ± 0.68 0.10 ± 0.12
(4.34%)
(124.57%)
15.76 ± 0.71 0.04 ± 0.07
(4.53%)
(185.31%)
12.65 ± 1.09 0.07 ± 0.08
(8.58%)
(117.83%)
14.59 ± 0.67 0.03 ± 0.05
(4.62%)
(166.79%)
13.22 ± 0.45 0.02 ± 0.01
(3.37%)
(65.77%)

DOC (mg/L)
8.58 ± 6.38
(74.35%)
6.03 ± 5.07
(83.98%)
7.57 ± 5.26
(69.54%)
11.25 ± 8.05
(71.55%)
3.61 ± 1.55
(42.96%)
5.41 ± 1.52
(28.12%)
3.08 ± 0.99
(32.16%)
4.02 ± 1.29
(32.11%)
6.64 ± 3.92
(59.11%)
4.01 ± 0.71
(17.65%)
3.61 ± 1.09
(30.26%)
3.69 ± 2.68
(72.67%)
3.01 ± 1.09
(36.18%)
2.17 ± 0.60
(27.84%)
2.69 ± 0.79
(29.43%)
2.10 ± 0.63
(29.92%)
2.14 ± 0.65
(30.61%)
2.71 ± 1.20
(44.30%)
3.15 ± 1.20
(38.10%)
1.68 ± 0.54
(32.02%)
2.89 ± 1.20
(41.60%)

NO3- (mg N/L)
0.05 ± 0.03
(58.74%)
0.06 ± 0.05
(90.25%)
0.03 ± 0.03
(84.73%)
0.08 ± 0.09
(108.97%)
0.04 ± 0.02
(64.42%)
0.99 ± 3.63
(366.01%)
0.05 ± 0.01
(28.69%)
0.04 ± 0.01
(29.97%)
0.06 ± 0.08
(149.63%)
0.14 ± 0.03
(24.74%)
0.08 ± 0.03
(36.66%)
0.05 ± 0.03
(53.93%)
0.03 ± 0.03
(88.19%)
0.02 ± 0.01
(96.96%)
0.03 ± 0.02
(63.22%)
0.01 ± 0.01
(100.00%)
0.03 ± 0.02
(53.75%)
0.02 ± 0.01
(50.02%)
0.11 ± 0.11
(101.66%)
0.07 ± 0.05
(75.62%)
0.03 ± 0.02
(69.39%)

N for
DO* DO (mg/L)
2.10 ± 1.15
5 (54.81%)
3.32 ± 1.17
8 (35.31%)
1.22 ± 1.03
4 (84.89%)
2.73 ± 2.23
3 (81.51%)
1.26 ± 0.39
10 (30.90%)
3.40 ± 1.57
14 (46.09%)
2.43 ± 0.88
4 (36.15%)
1.87 ± 0.45
6 (23.88%)
1.11 ± 0.50
12 (44.94%)
1.11 ± 0.62
3 (55.86%)
1.08 ± 0.15
3 (13.45%)
1.74 ± 0.34
5 (19.74%)
3.33 ± 1.46
3 (43.71%)
1.43 ± 0.56
14 (39.45%)
1.69 ± 1.05
13 (61.81%)
1.10 ± 0.93
13 (85.02%)
2.27 ± 1.06
11 (46.57%)
2.21 ± 0.81
18 (36.57%)
2.67 ± 1.32
17 (49.59%)
1.99 ± 0.90
12 (45.15%)
4.16 ± 1.59
13 (38.18%)

*N (sample size) for DO is different than the other parameters at a few sampling events
due to low water levels resulting in the probe giving artificially high readings
**Vandalism of wells at Fork after 5/21/2012 resulted in reduced N for biogeochemical
parameters
*** Vandalism of wells at Whipple Dam after 10/1/2012 resulted in reduced N for
biogeochemical parameters
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Table 2-3. Water chemistry properties of functional habitats

High NO3-

High NH4+ / DOC

Average

High DO

pH

6.38 ± 0.44

6.65 ± 0.25

6.62 ± 0.21

6.12 ± 0.41

Temp (°C)

15.7 ± 1.92

16.77 ± 1.87

16.75 ± 1.95

14.81 ± 1.75

NH4+ (mg N/L)

0.05 ± 0.02

0.38 ± 0.21

0.05 ± 0.05

0.04 ± 0.06

DOC (mg/L)

3.96 ± 2.05

7.11 ± 6.44

3.33 ± 1.92

3.27 ± 1.80

NO3- (mg N/L)

0.31 ± 0.11

0.02 ± 0.04

0.03 ± 0.03

0.04 ± 0.03

DO (mg/L)

2.49 ± 1.40

1.02 ± 0.66

1.37 ± 0.48

3.09 ± 1.36

7

17

77

87

N
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Table 2-4. Coefficient of determination for each biogeochemical parameter vs. hydraulic head for
each site and sampling event
Site

Cambaris

Cauldron

Mosquito

Fork

Shaver’s
Creek

Whipple
Dam

Date
5/21/2012
10/1/2012
10/27/2012
12/12/2012
5/27/2013
5/21/2012
10/1/2012
10/27/2012
12/12/2012
5/27/2013
5/21/2012
10/1/2012
10/27/2012
12/12/2012
5/27/2013
5/21/2012
12/12/2012
5/21/2012
10/1/2012
10/27/2012
12/12/2012
5/27/2013
5/21/2012
10/1/2012
10/27/2012
12/12/2012
5/27/2013

pH
0.64
0.25
N.D.
0.24
N.D.
0.05
0.01
N.D.
0.27
0.09
0.70
N.D.
N.D.
0.13
0.25
N.D.
N.D.
0.19
0.30
0.00
0.00
0.06
0.15
0.00
0.06
0.01
0.07

Temperature
(°C)
0.27
0.07
N.D.
0.21
N.D.
0.17
0.00
N.D.
0.01
0.26
0.32
N.D.
N.D.
0.02
0.19
N.D.
N.D.
0.01
0.89
0.45
0.11
0.20
0.13
0.29
0.12
0.43
0.16

NH4+
(mg N/L)
0.17
0.01
N.D.
0.01
N.D.
0.04
0.15
N.D.
0.00
0.00
0.00
N.D.
N.D.
0.03
0.39
N.D.
N.D.
0.31
0.25
0.29
0.25
0.21
0.02
0.15
0.05
0.01
0.01

DOC
(mg/L)
0.23
0.01
N.D.
0.00
N.D.
0.22
0.46
N.D.
0.04
0.54
0.22
N.D.
N.D.
0.02
0.79
N.D.
N.D.
0.00
0.19
0.30
0.02
0.07
0.19
0.11
0.02
0.00
0.24

NO3(mg N/L)
0.08
0.42
N.D.
0.12
N.D.
0.50
0.01
N.D.
0.02
0.39
0.08
N.D.
N.D.
0.00
0.03
N.D.
N.D.
0.20
0.01
0.08
0.11
0.01
0.01
0.15
0.00
0.30
0.20

DO
(mg/L)
0.70
0.02
N.D.
N.D.
N.D.
0.17
0.48
N.D.
N.D.
0.00
0.36
N.D.
N.D.
N.D.
0.35
N.D.
N.D.
0.01
0.07
0.43
N.D.
0.13
0.11
0.26
0.40
N.D.
0.00
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**

**

a.

b.

Figure 2-1. Boxplots of water chemistry variables by disturbance class (a) and by season (b).
Significant differences between high and low disturbance sites were found for temperature and
DOC using a Mann-Whitney U test (** P<0.05).
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B,C
A

B
C

High DO

High NH4+/DOC

High NO3-

Figure 2-2. CWM1 denitrification component results by functional habitat. The High NO3functional habitat had significantly higher modeled denitrification than all other functional
habitats (p<0.05). The High DO habitat had significantly lower modeled denitrification than the
High NO3- and Average functional habitats
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High Disturbance
100%
90%
80%
70%
60%
50%
40%
30%
20%
10%
0%

No Water
High NO3High DO

Cambaris

Cauldron

5/27/2013

10/27/2012

10/1/2012

5/21/2012

5/27/2013

10/27/2012

10/1/2012

5/21/2012

5/27/2013

10/27/2012

10/1/2012

5/21/2012

Average
High NH4+/DOC

Mosquito

Low Disturbance
100%
90%
80%
70%
60%
50%
40%
30%
20%
10%
0%

No Water
High NO3High DO

Fork

Shavers

5/27/2013

10/27/2012

10/1/2012

5/21/2012

5/27/2013

10/27/2012

10/1/2012

5/21/2012

5/27/2013

10/27/2012

10/1/2012

5/21/2012

Average
High NH4+/DOC

Whipple Dam

Figure 2-3. Distribution of functional habitats by site and sampling date. All habitats occur in
both high and low disturbance sites. However, the High DO habitat occurs more frequently in the
low disturbance sites, while the High NH4+ /DOC habitat occurs more frequently in the high
disturbance sites
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Low Disturbance
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High Disturbance

30
20
10
0
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NH4+/DOC

Average

High DO

High NO3-

No Water

Figure 2-4. Percent occurrence of each functional habitat in low and high disturbance sites.
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Figure 2-5. Hydraulic gradients for each site and sample period with functional habitats overlain.
An arbitrary datum of 100 m was chosen for each site. Area within bold black line is area for
which hydraulic gradient is calculated. Hydraulic gradient was not extrapolated to areas outside
of the boundary, for which there is no hydraulic head data. The low disturbance site Fork is
excluded due to vandalism issues.
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Chapter 3 Plant Community Composition as a Driver of Decomposition
Dynamics in Riparian Wetlands

Introduction

The high levels of soil carbon found in riparian wetlands fuel important
ecosystem services such as water quality improvement through denitrification and
phosphorous removal, both microbial processes that require sufficient levels of carbon
(Richardson 1985; Firestone and Davidson 1989). Furthermore, riparian wetlands are an
important carbon source for streams and rivers, which can affect nutrient cycling within
aquatic habitats, the transport and toxicity of metallic ions, and light penetration in the
water column (Mulholland 1981; Cuffney 1988; Dosskey and Bertsch 1994; Dillon and
Molot 1997; Schiff et al. 1998). Carbon export to streams is positively correlated with
soil carbon levels (Aitkenhead et al. 1999), and therefore the ability to accurately
quantify wetland carbon storage is also an important factor in assessing stream and river
quality. However, to accurately quantify wetland carbon storage requires a detailed
understanding of the ecosystem structures and processes affecting carbon storage in
wetlands, and how they are impacted by anthropogenic disturbance.
Wetlands excel at storing carbon since they produce large amounts of plant
biomass and are low decomposition environments due to anaerobic conditions (Mitsch
and Gosselink 2007). Decomposition of plant litter also depends on litter quality
(Enriquez et al. 1993; Cornwell et al. 2008; Prescott 2010; Freschet et al. 2012). Plants
with higher N, lower lignin, lower C:N ratios, and lower lignin:N ratios are more prone to
decomposition (Cornwell et al. 2008; Prescott 2010). Many studies demonstrate that
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different wetland plant species decompose at different rates (Kittle et al. 1995; Emery and
Perry 1996; Atkinson and Carins 2001). However, many of these studies focus on the
decomposition dynamics of select species (especially invasive species), and often do not
compare the decomposition dynamics of different plant communities as a whole (Kittle et
al. 1995; Emery and Perry 1996; Atkinson and Carins 2001).
Wetland plant community can be greatly influenced by surrounding land-use.
Conversion of forest to agricultural and urban uses in the landscape surrounding a
wetland creates an environment favorable to introduced and invasive species (Miller et al.
1997; Wardrop and Brooks 1998), which can result in non-native plant communities with
higher N content and lower lignin content than native plant communities (Emery and
Perry 1996; Liao et al. 2007). Wetlands set in agricultural landscapes also tend to have
lower forest cover compared with wetlands in forested landscapes (Chamberlain et al.
2013). These changes in plant community due to anthropogenic disturbance could affect
carbon storage by altering overall decomposability of the plant litter or the amount of
biomass produced (Ehrenfeld 2003; Liao et al. 2007).
Because of the time and resource intensive nature of measuring carbon storage,
carbon export, and carbon dependent biogeochemical functions such as denitrification,
wetland managers often rely on rapid assessments that utilize easily measured wetland
structures as proxies for these ecosystem services (Jordan et al. 2007; Wardrop et al.
2007a; Franklin et al. 2009; Berkowitz and White 2013). Proxies often used for carbon
content include a combination of carbon stock estimates (e.g. tree density, litter layer
depth, and woody debris density) and factors expected to affect decomposition rate, such
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as hydrology (Wardrop et al. 2007a). While these proxies may reflect carbon inputs
through plant biomass, they may not reflect plant matter decomposability. Furthermore,
many of these biogeochemical functional scores have not been fully tested, and testing
has produced mixed results. Jordan et al. found that biogeochemical functional
assessment models worked poorly for predicting potential denitrification (2007), while
Berkowitz and White found that biogeochemical functional scores for carbon export,
water quality improvement, and nutrient cycling were reasonably reliable (2013). Both
studies agreed that further development and improvement of rapid assessments were
necessary.
Though carbon storage is known to be an important ecosystem service, few
studies have examined the effects of plant community differences on decomposition and
carbon storage in wetlands. This study aims to further our understanding of the effects of
plant community in the cycling of carbon in wetlands. To meet these aims, I conducted a
decomposition experiment and examined soil carbon content in order to:
1. Determine whether different plant communities associated with various land use
regimes result in differential decomposition of plant matter between wetlands.
2. Examine whether differences in decomposition result in differences in soil carbon
storage.
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Methods

Decomposition of plant material was assessed using the litterbag method
(Benfield 1996). Live herbaceous vegetation was collected from each site in the last week
of September 2012. An invasion of microstegium vimineum was noted in Whipple Dam
at this time. Though microstegium vimineum was present, it had not yet out-competed the
native plant community and did not have any effect on plant community type. To assess
the effect of this invasion on decomposition at Whipple Dam, litter was collected from
both an invaded and non-invaded area at this site. Unless specifically mentioned, all
reported results from Whipple Dam use the non-invaded plant litter.
Control litter, which consisted solely of Phalaris arundinacea, was used to
discern any possible effects of environmental conditions vs. litter quality on
decomposition between sites. In addition to altered plant community, wetlands set in
agricultural landscapes have been shown to have flashier hydroperiod, greater
sedimentation rates, higher pH, and higher temperature compared to wetlands set within
forested landscapes (Adamus and Brandt 1990; Miller et al. 1997; Wardrop and Brooks
1998; Moon and Wardrop 2013), which may affect plant decomposition rates (Kittle et
al. 1995; Hobbie 1996; Vargo et al. 1998). Therefore control litter was necessary to
ensure that I did not incorrectly attribute differences in decomposition to plant litter
quality when they may have been due to environmental condition.
All herbaceous and control litter was oven dried at 60 ºC until constant mass.
Previous research has indicated that initial N, cellulose, lignin, C:N ratio, and lignin:N
ratio all influence litter decomposability (Enriquez et al. 1993; Cornwell et al. 2008;
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Prescott 2010). Initial percent C and N were determined using a Combustion Elementar
Vario Max N/C Analyzer. Initial percent lignin was determined using the ANKOM
Technology method 9-Method for Determining Acid Detergent Lignin in the Daisy
Incubator and initial percent cellulose was determined by subtracting percent lignin from
percent Acid Detergent Fiber (determined via ANKOM Technology method 5). C:N ratio
was determined by dividing percent C by percent N, while lignin:N ratio was
determined by dividing percent lignin by percent N.
Once dried, herbaceous and control litter was then placed in decomposition bags
(15 cm by 15 cm fiberglass mesh bags, mesh size 1 mm2 to exclude macroinvertebrates).
Enough bags were made for nine herbaceous and control rounds in triplicate at each site,
with the exception of one H-MH site (Fork) at which only enough herbaceous matter was
available to make seven rounds of decomposition bags in duplicate. Herbaceous and
control decomposition bags were set out in triplicate at each site on October 10th, 2012.
Location of decomposition bags was random at each site. Decomposition bags were
collected at one week, two weeks, three weeks, four weeks, six weeks, ten weeks, 22
weeks, 35 weeks, and at 52 weeks (Table 3-1).
Freshly fallen leaf litter was collected by hand in early October and air-dried for
one week. Once dried, 5 g of leaf litter were placed in each decomposition bag (15 cm by
15 cm fiberglass mesh bags, mesh size 1 mm2 to exclude macroinvertebrates). Initial leaf
litter percent C, N, lignin, cellulose, C:N ratios, and Lignin:N ratios were determined in
the same manner as herbaceous litter. Decomposition bags were made for six leaf litter
rounds in triplicate at each site. To obtain initial oven dry weight five grams of leaf litter
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were oven dried at 60 ºC until constant mass. The water content was recorded and
subtracted from each decomposition bag. Leaf litter decomposition bags were placed in
the field on October 18th, 2012 and were collected at two weeks, five weeks, eight weeks,
20 weeks, 34 weeks, and 51 weeks (Table 3-1).
Decomposition was measured as the percent of initial plant mass remaining at the
time of decomposition bag removal from the site. Decomposition bags for each round
from all sites were collected on the same day. Upon return to the laboratory each bag was
rinsed of sediment, and any live plant matter was removed. The decomposition bags were
then oven dried until constant mass and vegetation from each bag was weighed.
Herbaceous, leaf, and control litter from all three replicate bags per round per site were
consolidated and ground to pass a #20 mesh sieve using a Thomas Wiley ® mini-mill.
Percent C was determined using a Combustion Elementar Vario Max N/C Analyzer.
Percent mass remaining was calculated using Equation 1:
Eq 1. (final weight/ initial weight) *100
Percent C remaining for each round was determined using Equation 2:
Eq 2. ((final weight * final % C)/(initial weight * initial % C))*100
Percent mass and C remaining were estimated for missing or compromised
decomposition bags at Fork and Shaver’s Creek. Estimates were made based on the
decomposition rate from the three previous decomposition bags of that litter type at that
site provided that a stable decomposition rate could be calculated. To ensure reliability,
the estimated rates were compared with the decomposition rate for that vegetation type
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from the other site of the same plant community type. No estimates were made for
percent mass and C remaining for compromised bags at Mosquito or for percent C for
missing control bags at Fork since a stable decomposition rate could not be determined.
To estimate total carbon inputs I measured herbaceous and leaf litter biomass
inputs at each site and multiplied biomass by initial percent C. To estimate the amount of
carbon left at the end of the decomposition experiment, herbaceous and leaf litter biomass
was multiplied by percent mass and percent C remaining. Herbaceous vegetation was
collected on September 26th, 2012 from four randomly placed 0.25m2 plots within each
site to determine herbaceous biomass. Leaf litterfall was collected from the same four
plots on October 26th, 2012 and December 17th, 2012 to determine leaf litter biomass.
Plant matter was dried at 60 ºC until constant mass and then weighed. Herbaceous
vegetation and leaf litter were ground using Thomas Wiley ® mini-mill to pass a #20
mesh screen.
Soil samples were collected in June 2013 to obtain measures of soil C. Each site
was split into four quadrats and a 7.5 cm diameter corer was used to take five spatiallyrandom cores per quadrat to a depth of 50 cm. Soil horizons were identified for each core,
and a 5 cm sample was taken from the center of each horizon. Samples were consolidated
by quadrat, resulting in four samples per site per horizon. Samples were oven dried at 105
ºC until constant mass and ground to pass a 2 mm sieve. Soil samples were analyzed for
TC and TN via combustion analysis (2400 CHN Elemental Analyzer). Average TC and
TN for each site was determined using a weighted average based on horizon depths. Soil
C in g/m2 was calculated using Equation 3:
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Eq 3. Soil C= %C*(BD)*SDepth
Where %C is the weighted average percent C, BD is bulk density (in g/m3), and
SDepth is the depth cored (0.3 m). To determine bulk density, one soil core measuring
8.5 cm in diameter and 40 to 50 cm in depth (depending on site conditions), was collected
from each site between October 26th, 2011 and November 21st, 2011. Cores were
collected using a hand-operated stainless steel soil corer designed for use in freshwater
wetland soils based on the method of Reinhardt et al. (2000). Each core was extruded
and sectioned into 2 cm increments for analysis. Bulk density was measured by weighing
depth increments that had been air-dried to a constant weight.
Comparisons of initial litter quality and soil C, N, and C:N ratio between plant
communities were done using the nonparametric Kruskal-Wallis test. To compare initial
litter quality with final percent mass remaining, linear regressions using least squares
regression were performed. All statistical tests and regressions were performed in JMP®
Pro 9.0.2.

Results

Initial plant litter quality differed between plant community type, although results
for any parameter were not significant (p<0.05, Kruskal-Wallis test). H-MH herbaceous
litter had higher percent C, percent lignin, and lignin:N ratios and lower percent cellulose
compared with BPF or RCG herbaceous litter (Table 3-2). H-MH herbaceous litter had
similar percent lignin to BPF and H-MH leaf litter, and higher percent cellulose
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compared with BPF leaf litter (Table 3-2). This may be due to the greater presence of
ferns, which have higher lignin content, at H-MH sites (Stewart 2012). RCG herbaceous
litter had the highest percent N, the lowest C:N and lignin:N ratios, and resembled control
litter quality in all respects except for higher lignin content (Table 3-2). Control litter had
lower initial percent lignin, lignin:N ratios, and C:N ratios and higher percent N
compared with herbaceous vegetation or leaf litter of the three plant community types
(Table 3-2).
Based on previous studies, vegetation higher in C and lignin would be expected to
be more recalcitrant (Enriquez et al. 1993; Cornwell et al. 2008), while vegetation higher
in cellulose and N would be expected to be more decomposable (Berg and McClaugherty
2008; Cornwell et al. 2008). BPF and H-MH leaf litter and H-MH herbaceous litter were
highest in lignin, had lower cellulose and N content, and thus would be expected to be the
most recalcitrant (Fig 3-1). RCG herbaceous litter and control litter had higher cellulose
and N content but lower lignin content, and would be expected to be more decomposable
(Fig 3-1). BPF herbaceous litter would like be moderately recalcitrant with higher lignin
and lower N content (Fig 3-1).
Decomposition of the plant material differed between the plant communities and
vegetation types. Leaf litter showed the greatest percent mass and percent C remaining
over the course of the experiment compared with herbaceous and control litter, which
showed similar percent mass and percent C remaining (Figs 3-2 and 3-3). H-MH
herbaceous litter showed greater percent mass and percent C remaining compared with
RCG and BPF herbaceous litters (Figs 3-2 and 3-3). BPF leaf litter had greater percent
mass remaining when compared with H-MH leaf litter, though both H-MH and BPF leaf
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litter showed very similar percent C remaining (Figs 3-2 and 3-3). There was little
difference between control litter percent mass remaining between plant communities (Fig
3-2). Control litter percent C remaining was slightly higher at the BPF sites than at H-MH
and RCG sites (Fig 3-3). Linear relationships were also found between initial litter
quality and final percent mass remaining. Percent mass remaining after one year had
statistically significant positive linear relationships with initial percent C (r2 =0.41,
p=0.045), initial percent lignin (r2 =0.65, p=0.005), and lignin:N ratio (r2 =0.49, p=0.025)
and a statistically significant negative relationship with initial percent cellulose (r2=0.48,
p=0.038) (Fig 4).
Initial plant litter quality differed slightly between invaded and non-invaded areas
at Whipple Dam. Percent C, percent N, and C:N ratio were very similar. However %
lignin and Lignin:N ratio were higher in non-invaded plant litter while percent cellulose
was higher in invaded plant litter (Table 3-3). Though the last round of invaded
decomposition bags were compromised due to incomplete sediment removal, invaded
and non-invaded litter had similar percent mass remaining over the course of the
experiment (Fig 3-5).
Soil C, N, and C:N ratio were also different between the three plant communities,
though none of the differences were statistically significant (p<0.05, Kruskal-Wallis test).
H-MH sites had the highest soil percent C, percent N, and C:N ratios for both the whole
profile and top horizon of any plant community (Table 3-4). BPF and RCG sites had
similar percent C content. RCG sites had the lowest C:N ratios for both the soil depth to
50 cm and top horizon, indicating a lower degree of decomposition for soil carbon at
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these sites (Table 3-4) (Batjes 1996). Percent C was higher in the top horizon compared
with the rest of the soil profile, especially at H-MH sites (Table 3-4).
To account for plant biomass inputs I compared total carbon inputs (herbaceous
and leaf litter) before and after decomposition between the plant communities. Though
differences in input and remaining plant carbon between the plant communities were not
statistically significant, H-MH sites had the highest carbon inputs into the system and
BPF sites had the lowest carbon inputs into the system (Fig 3-6a). At the end of the
experiment, H-MH sites had the highest amount of carbon remaining, followed closely by
BPF sites. RCG sites, despite starting with larger carbon inputs than BPF sites, had the
lowest carbon remaining due to the high decomposability of the litter present (Figs 3-1,
3-2, 3-6a). Though differences in soil C were not statistically significant, H-MH sites had
the highest soil carbon levels (g/m2) and RCG sites had the lowest soil carbon levels
(g/m2) (Fig 3-6b).

Discussion

The significant relationships between final percent mass remaining and initial
percent C, percent cellulose, percent lignin, and lignin:N ratio indicate the importance of
litter quality on decomposition between different plant communities (Fig 3-4). However,
the lack of difference in decomposition between invaded and non-invaded litter at
Whipple Dam despite differences in percent lignin and cellulose indicate that either
differences in litter quality between invasive and non-invasive plant litter are not large
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enough to influence decomposition dynamics or that other factors are overriding plant
litter quality as a major driver of decomposition within this site (Table 3-3, Fig 3-5).
Prescott argued that environmental or litter quality factors needed to be within
certain ranges to influence decomposition (2010). Values for factors outside of the ranges
would either be not limiting and thus not correlate with decomposition, or limiting and
thus would inhibit decomposition regardless of other factors (Prescott 2010). Soil
moisture between 30-80%, mean annual temperature between 10-30 °C, percent lignin
between 10-28%, and lignin:N ratios between 10-40 are likely to influence decay
(Prescott 2010). In this study, percent lignin ranged between 4.5 and 24.3% while
lignin:N ratio ranged between 1.6 and 27.8, within the ranges prescribed by Prescott
(Table 3-2). Lignin:N ratio for both invaded and non-invaded plant litter at Whipple Dam
were within ranges expected to influence decomposition, though percent lignin is high
enough (34.9%) at the non-invaded site that it may be a limiting factor for decomposition
(Table 3-3) (Prescott 2010). While soil moisture and mean annual temperature were not
measured for this study, they are also likely to be within the prescribed ranges given the
temperate climate and the average hydroperiod of riverine wetlands in the Mid-Atlantic
Region, which tend to have water levels within the upper 30 cm of the ground surface but
are rarely inundated (Hychka et al. 2013). While temperature and soil moisture may have
influenced decomposition at each site, it is likely that the differences in temperature or
soil moisture between the sites were not large enough to cause differential decomposition
between sites, as reflected by the similarities in control litter percent mass and percent C
remaining (Figs 3-2 and 3-3).
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While this research indicates that plant community plays a large role in
decomposition and soil carbon, anthropogenic disturbance is known to play a large role in
determining plant community. Previous research has shown that differences in land use
surrounding a wetland can change plant communities, with a greater incidence of
generalist herbaceous, invasive, and introduced plant species at wetlands surrounded by
agriculture and urbanization (Miller et al. 1997; Wardrop and Brooks 1998; Miller and
Wardrop 2006). Other research has often found that invasive plants produce litter with
higher decomposition rates, with mixed results as to whether this change increased or
decreased soil carbon (Ehrenfeld et al. 2003). My research demonstrates that the changes
in plant community associated with different land use regimes affects the overall litter
quality of the wetland, which may then affect decomposition characteristics and overall
soil carbon levels.
Soil organic carbon is primarily derived from plants, and thus a reduction in
decomposition would result in increased soil carbon (Kuzyakov and Domanski 2000).
My research reflects this, as H-MH sites had the most carbon left at the end of the
experiment and also the highest soil carbon levels, while RCG sites had the lowest
amount of carbon left at the end of the experiment and the lowest soil carbon levels
(g/m2) (Fig 3-6b). However, these findings also suggest that soil nitrogen levels also play
a role. BPF sites had similar carbon levels remaining at the end of the experiment but
much lower soil carbon levels (g/m2) when compared with H-MH sites. BPF sites also
had lower soil C:N and lignin:N ratios compared with H-MH sites (Fig 3-6b, Table 3-4).
Higher N content has been known to increase decomposition of organic matter with
lower lignin content (Berg 2000). BPF herbaceous litter also had lower lignin content
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than H-MH herbaceous litter, potentially increasing decomposition rates at BPF sites
compared with H-MH sites (Berg 2000). That H-MH sites had the highest carbon
remaining and highest soil carbon levels (Fig 3-6a and b) supports previous research
suggesting that hemlock forests store greater amounts of carbon than deciduous forest
types (Hadley and Schedlbauer 2002).
Tsuga canadensis are known as a foundation species, meaning that they regulate
the environment around them and have a profound effect on the local ecology (Ellison et
al. 2005). The introduction of the Hemlock woolly adelgid, an aphid-like insect from
Japan, has had a negative impact on the survival of Tsuga canadensis, resulting in a large
scale conversion of hemlock plant community to deciduous tree communities (Orwig and
Foster 1998; Orwig et al. 2002; Havill et al. 2006). Though research has shown that
hemlock sites infested with woolly adelgid do not have different soil C levels than uninfested hemlock sites within 5-10 years of onset of hemlock decline (Jenkins et al.
1999), my research implies that a conversion of the hemlock plant community to a
deciduous plant community could have negative effects on C storage in riverine wetlands
if the advance of woolly adelgid continues unchecked.
The noted differences in carbon storage and decomposition between the different
plant communities has large implications for the estimation of carbon storage and
biogeochemical functioning provided by individual wetlands, which are commonly part
of management approaches including protection, restoration, and mitigation. Many
wetland rapid assessments incorporate measurements meant to estimate the carbon pool
of a wetland, which then is meant to relate to biogeochemical functioning (Wardrop et al.
2007a). However, many rapid assessments use measures that do not consider different
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plant communities, instead favoring measures such as estimates of coarse woody debris
and standing dead trees, standing tree basal area, percent cover of herbaceous and woody
vegetation, depth of litter layer, and shrub density (Wardrop et al. 2007a; Jordan et al.
2007; Franklin et al. 2009; Berkowitz and White 2013). While these measures do
characterize the overall structure of the plant community they generally do not account
for differences in litter quality between the different plant communities, which may
influence the reliability of these assessments in predicting carbon storage within a
wetland, carbon export to streams, or carbon-dependent biogeochemical functions such as
denitrification.
Since H-MH sites were different from BPF sites in plant litter quality, plant
decomposition, and soil carbon (Tables 1 and 2, Figs 1-4), including metrics that consider
the presence or absence of coniferous and deciduous trees may greatly improve the
predictive capacity of carbon and biogeochemical functional scores. Potential
improvements may be to split metrics such as percent cover of woody vegetation into
percent cover of coniferous and deciduous woody vegetation, or giving deciduous and
coniferous leaf litter different weights in functional scores. Ferns, which were more
prevalent at H-MH sites, have also been found to decompose more slowly compared with
other forms of herbaceous vegetation (Cornwell et al. 2008; Stewart 2012), and thus
metrics that include percent herbaceous cover of ferns may also improve functional
scores for carbon storage, DOC export, and other biogeochemical function scores.
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Conclusions

With this study, I set out to explain whether changes in plant community would
lead to changes in decomposition and carbon storage in wetlands of central Pennsylvania.
I have found that the quality of the plant litter was a large driver of decomposition. Litter
quality was linked to plant community, which influenced decomposition rates, which
then linked to soil carbon and nitrogen levels. Thus I have shown that differences in plant
community associated with different land-use regimes is likely linked to the altered
carbon storage in wetlands surrounded by agriculture and urbanization.
Hemlock dominated sites were shown to have the greatest soil carbon content, as
well as the least amount of decomposition, supporting previous research which suggested
that Hemlock forests store greater amounts of carbon than deciduous forests. This result
also raises concerns that this carbon storage capacity in hemlock sites may be lost with
the continued destruction of the hemlock plant community due to woolly adelgid
infestation. Furthermore, this work has implications for wetland managers using rapid
assessment techniques to estimate carbon storage and other biogeochemical functions, as
these techniques could be improved by including metrics that consider plant community
composition.
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Tables and Figures

Table 3-1. Recovery of herbaceous (H), control (C), and leaf (L) decomposition bags for each
date and site.

1.

Flooding due to remnants of Hurricane Sandy (10/30/2012)

2.

Compromised due to incomplete sediment removal

Leaf
0.86 ± 0.06

23.8 ± 1.84

30.4 ± 16.97

58.86 ± 5.15

27.83 ± 0.08

20.58 ± 0.44
43.37 ± 15.65
20.70 ± 1.84

24.30 ± 7.78

1.19 ± 0.40

48.26 ± 0.89

BPF
50.32 ± 0.83

17.35 ± 8.37
26.31 ± 6.57
24.60 ± 0.49

29.40 ± 7.78

1.80 ± 0.42

45.85 ± 0.78

H-MH

H-MH

3.75 ± 0.53
16.45 ± 1.68

32.90 ± 1.84

9.60 ± 0.14

2.58 ± 0.33

42.15 ± 1.09

43.54 ± 1.45

BPF
RCG

9.73 ± 0.30
24.35 ± 0.62

34.6 ± 3.68

17.4 ± 0.42

1.79 ± 0.10

42.85

Control

Control

Herbaceous

1.61
15.32

32.5

4.5

2.8

%C (0.078)

Community

Type

%N (0.086) % Lignin (0.120) % Cellulose (0.401) C:N ratio (0.082) Lignin:N ratio (0.082)

Litter Quality Parameters (p-value)
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Table 3-2. Initial litter quality by plant community (average ± standard deviation)
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Table 3-3. Initial litter quality for invaded and non-invaded litter at Whipple Dam (average ±
standard deviation)

%C

%N

% Lignin

% Cellulose

C:N ratio

Lignin:N ratio

Invaded

44.25

1.41

19.00

37.80

31.30

13.44

Non-invaded

46.40

1.50

34.90

24.90

30.95

23.28

Table 3-4. Percent C, N, and C:N ratio for the soil profile to 50cm and for the top horizon by
plant community
Whole Profile
%C

%N

BPF

2.87 ± 0.20 0.2 ± 0.01

RCG

2.6 ± 0.08

Top Horizon
C:N

%C

%N

C:N

14.48 ± 1.53 4.24 ± 0.40

0.28 ± 0.03 15.27 ± 0.10

0.24 ± 0.01 10.97 ± 0.11 4.08 ± 0.46

0.36 ± 0.04 11.24 ± 0.07

H-MH 5.59 ± 3.87 0.27 ± 0.12 19.65 ± 5.26 21.27 ± 16.23 0.93 ± 0.57 21.11 ± 4.54
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Figure 3-1. Radar plots of leaf litter (a), herbaceous litter (b), and control litter (b). Each axis is
normalized so that values for each plant litter quality variable fall between 1 and 0. Plant litter
quality values were normalized by dividing by the maximum value measured for each plant litter
quality variable. Vegetation higher in C and lignin is expected to be more recalcitrant, while
vegetation higher in N and cellulose is expected to be more decomposable.
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Figure 3-2. Percent mass remaining over the course of the decomposition experiment by plant
community and vegetation type.
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Figure 3-3. Percent C remaining over the course of the decomposition experiment by plant
community and vegetation type.
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Figure 3-4. Linear regressions between final percent mass remaining and initial percent C,
percent cellulose, percent lignin and Lignin:N ratio.
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Figure 3-5. Percent mass remaining over the course of a year for invaded and non-invaded plant
litter at Whipple Dam
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a.

b.
Figure 3-6. Carbon input to the system (g/m2) by leaf and herbaceous litter by plant community
(a), carbon remaining (g/m2) from leaf and herbaceous litter by plant community (a), and soil
carbon (g/m2) by plant community (b).
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Chapter 4 Carbon Budgets in Riparian Wetlands: Comparing Carbon
Inputs, Outputs, and Variability Between Disturbance Associated Plant
Communities

Introduction

Wetlands are known to be important carbon sinks, storing an estimated 20% of
terrestrial carbon (Gorham 1991; Maltby and Immirzi 1993; Bridgham et al. 2006).
However, anthropogenic disturbance to wetlands has been shown to diminish carbon
storage within wetlands (Bischel-Machung et al. 1996; Howe et al. 2009; Moon 2012;
Drohan et al. 2013). This loss of carbon storage capacity with disturbance raises concerns
that human activity is decreasing the ability of wetlands to store carbon. Unfortunately,
the most popular techniques used to assess carbon accumulation in wetlands often do not
provide a mechanistic understanding of the processes underlying carbon accumulation,
and thus are limited in their ability to pinpoint why anthropogenic disturbance alters
carbon storage in wetlands.
Carbon accumulation is often assessed using radiometric dating (137Cs and 210Pb),
which relies on examining the soil profile for an elemental peak and providing a
measurement of sediment and carbon accretion rate over multiple decades (Appleby
1978; Ritchie and McHenry 1990). To obtain an estimate of carbon accumulation on a
smaller time scale, carbon accumulation can be measured using the eddy covariance
technique, which use high frequency measurements of CO2 emissions, wind speed, and
wind direction to estimate carbon accumulation over a large area (Baumgartner 1969).
However, this technique works best in locations with homogeneous vegetation, flat
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terrain, and steady atmospheric conditions (Baldocchi 2003). These limitations, plus the
large expense required to set up and maintain a tower, limit the utility of this method for
estimating carbon accretion in small or patchy wetlands.
While radiometric dating and eddy covariance towers have been shown to be
effective for estimating carbon accumulation in wetlands (Ritchie and McHenry 1990;
Laurila et al. 2012), they do not provide information on the multiple carbon inputs and
outputs within a wetland and thus cannot tell us the effect of anthropogenic disturbance
on these carbon pools. Understanding how and why carbon accumulation is hampered in
disturbed wetlands will require an approach that directly examines carbon inputs and
outputs within wetlands. Organic carbon inputs into wetlands are primarily from plant
biomass (Mitsch and Gosselink 2007). Root death, leaf litterfall, herbaceous biomass, and
woody debris can all contribute to soil carbon over the course of a year. Carbon outputs
are primarily in the form of DOC export through water, CO2 efflux through microbial
heterotrophic respiration, and CH4 efflux (Mulholland 1981; Moore and Knowles 1989;
Bartlett and Harriss 1993; Dosskey and Bertsch 1994). By measuring carbon inputs and
outputs, we may be able to estimate carbon accumulation within a wetland over the
course of a year while gaining a better understanding of the relative importance of each
individual carbon input and export. This approach also would allow us to examine
differences in inputs and outputs across a disturbance gradient or different plant
communities.
While there are laws in many countries designed to prevent the direct destruction
of wetlands, anthropogenic land-use surrounding a wetland can still have large impacts
on wetland ecosystems. Wetlands set in agricultural landscapes have been shown to have

72

plant communities with greater numbers of invasive species and lower forest cover than
wetlands set in forested landscapes (Chamberlain et al. 2013). Furthermore, wetlands in
agricultural landscapes have a flashier hydroperiod than wetlands in forested landscapes
(Groffman et al. 2002; Hychka et al. 2013). These changes have the potential to alter
carbon inputs by changing the amount and type of plant biomass produced, and alter
carbon outputs by affecting DOC export and heterotrophic respiration within wetlands
(Neff and Hooper 2002; Ehrenfeld 2003; Bond-Lamberty et al. 2004; Kalbitz et al. 2006;
Liao et al. 2007). However, while many studies have attempted to characterize one or a
few of the different inputs and outputs between sites of differing disturbance levels or
plant communities, very few have attempted to account for and compare all of the carbon
inputs and outputs.
With this study I aim to quantify the major inputs and outputs of carbon that may
be affected by anthropogenic land use surrounding a wetland and to further examine the
carbon storage potential of headwater wetlands. To accomplish this, I measured carbon
inputs, carbon outputs, soil carbon levels, and carbon accumulation rate within six
headwater riparian wetlands in central Pennsylvania. With this research I aim to
determine the effects of disturbance on the carbon budget (inputs vs outputs) of riparian
wetlands.
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Carbon Budget

Carbon budgets were determined for each wetland by subtracting the “inputs”
(litterfall, woody debris, herbaceous carbon, and root carbon) from the “outputs”
(heterotrophic respiration and DOC export) (Fig 4-1). Within wetlands, a large amount of
attention is paid to the release of CH4, which known to be a potent greenhouse gas
(Matthews and Fung 1987; Whiting and Chanton 2001). For this study I have chosen
headwater riparian wetlands, which have lower CH4 emission rates than peatlands due to
lower water tables (Matthews and Fung 1987; Bartlett and Harriss 1993; Worral et al.
2003; Altor and Mitsch 2006). Because CH4 was assumed to be minimal it was not
measured for this study.

Inputs

Herbaceous biomass and woody debris were collected on September 26th, 2012
from four randomly placed 0.25 m2 plots within each site. Since plant communities were
consistent across an entire site, random placement of plots resulted in a site-level
representation of litter. Leaf litterfall was collected from the same four plots on October
26th, 2012 and December 17th, 2012. Herbaceous biomass and leaf litterfall were dried at
60 ºC until constant mass, weighed, and ground using Thomas Wiley ® mini-mill to pass
a 20 mesh screen. Percent C was determined for leaf litter and herbaceous biomass using
a Combustion Elementar Vario Max N/C Analyzer. Woody debris was assumed to

74

contain 50% carbon (Lamlom and Savidge, 2006). Carbon inputs from leaf litter,
herbaceous biomass, and woody debris in g C/m2 were determined by multiplying
biomass by percent C for each sample.
To estimate root biomass, eight cores were taken from random locations within
each site in October 2012. Cores were taken using a 10 cm diameter auger to a depth of
30 cm. Roots were removed from the cores via wet sieving using a 0.5 mm mesh size
sieve and sorted into live fine root (<=2 mm), live coarse root (>2 mm), and dead root
fractions (Milchunas 2012). Live root fractions were oven dried at 60 °C until constant
mass, weighed, and ground using Thomas Wiley ® mini-mill to pass a 20 mesh screen.
Percent C for each fraction was determined using a Combustion Elementar Vario Max
N/C Analyzer. Based on previous root turnover studies and meta-analyses, I assumed that
root turnover for fine roots was one year in the BPF and H-MH sites (Gill and Jackson
2000; Ruess et al. 1996), two years for fine roots in the RCG sites (Gill and Jackson
2000; Katterer and Andren 1999), and four years for coarse roots at all sites (Gill and
Jackson 2000). Carbon inputs from roots (g C/m2) were determined by multiplying the
root biomass (g/m2) for each fraction by its assumed turnover rate and percent C content.

Outputs

DOC export was determined by multiplying average DOC concentration in
groundwater for each wetland by the estimated wetland discharge. DOC concentrations
were determined as described in Chapter 2 methods, with the only difference being that
DOC concentrations determined on December 12th, 2013 for all sites were included in
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this analysis. Data from this sample date had been excluded from Chapter 2 analysis due
to DO data collection issues resulting in an incomplete dataset for this sample date.
Wetland discharge was estimated by multiplying hydraulic conductivity by hydraulic
gradient at each site. Hydraulic gradient was determined using hydraulic head measures
input into an Microsoft Excel® spreadsheet designed to calculate piezometric surface
gradient and direction (Devlin 2003). This spreadsheet provides a site-wide estimate of
hydraulic gradient by fitting a best-fit plane for measurements from up to 20 wells.
Saturated hydraulic conductivity (Ksat) was estimated using the Ksat pedotransfer function
from the HYPERES database, which uses soil texture properties to estimate K (Wӧsten et
al. 2001). Soil texture was determined by digesting 10 g of sample with 200 ml of 6%
(v/v) H2O2 for 48 hours, adding 10 ml of dispersant (35.7 g (NaPO3)6 and 7.94 g of
Na2CO3 per L of RO water), allowing the sample to sit overnight, and analyzing particle
size using a Horiba LA-950 A2 Laser Diffraction Particle Size Analyzer (Gee and Bauder
1986). Each sample was run with a minimum of four aliquots to determine sand, silt, and
clay by volume in each sample.
To prevent overestimation of DOC export, it was assumed that if the water table
was above -30 cm the wetland was exporting DOC, and if the water table was below -30
cm the wetland was not exporting DOC. To accomplish this, discharge was multiplied by
the hydrology metric “percent time above -30 cm”. Percent time above -30 cm was
calculated as the amount of time the water table was higher than -30 cm below the ground
surface over the course of a year. Due to the destruction of shallow ground water wells at
Fork, both hydraulic gradient and percent time above -30 cm were estimated from
averages of these parameters for Whipple Dam and Shavers Creek, which are similar in
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disturbance level to Fork and have shown similar hydrology in previous studies (Ryan
2005; Moon 2012; Hychka et al. 2013).
Soil respiration was measured in situ in Fall 2012 using an infrared laser gas
analyzer (EGM-4 PP Systems) with a SRC-1 soil respiration chamber. I assume that fall
measurements will provide an accurate estimate of yearly average soil respiration, as soil
respiration is highly temperature dependent and fall temperatures are often representative
of the mean annual temperature (Richardson 2006; Arguez et al. 2012). Three PVC
collars were installed to a depth of 5 cm at each wetland and soil respiration was analyzed
monthly in October, November, and December 2012. The average hourly soil respiration
over the three sample periods was multiplied by 24 hours and 365 days to obtain a
yearlong estimate of CO2 efflux from each wetland. Because soil respiration includes
both heterotrophic respiration and root respiration, I had to estimate the percent of soil
respiration that was root respiration in order to obtain an estimate of heterotrophic
respiration. The amount of CO2 efflux attributable to root respiration was assumed to be
65% for H-MH and BPF sites and 55% for RCG sites (Bowden et al. 1993; Shurpali et al.
2008). I chose 55% for RCG sites as research has shown that root respiration in areas
dominated by Phalaris arundinacea, such as the RCG sites, is approximately 55% of soil
respiration (Shurpali et al. 2008). To estimate heterotrophic respiration at each site, soil
respiration measurements were multiplied by the percent of soil respiration attributable to
heterotrophic respiration (% HR), which was defined in Eq 1. as
Eq 1. % 𝐻𝑅 = 100% − %𝑅𝑜𝑜𝑡 𝑅𝑒𝑠𝑝𝑖𝑟𝑎𝑡𝑖𝑜𝑛
However, the fraction of soil respiration that is attributable to roots is known to vary
between 10% to greater than 90% of CO2 efflux (Hanson et al. 2000), therefore I tested
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the influence of this assumption on the carbon budget results for each site. It is also
possible that the estimates of yearly soil respiration and thus heterotrophic respiration
may be low due to fall sampling, when CO2 efflux is generally lower (Morse et al. 2012).
I did not measure CH4 emissions for this study as CH4 emissions tend to be low in
riverine wetlands due the average water table being below the ground surface (Matthews
and Fung 1987; Altor and Mitsch 2006). While it is possible that small amounts of CH4
were emitted during short periods of inundation, during this study the water table was
only at or above the ground surface between 0 and 7% of the sampling period at any site
(Appendix B). Thus any CH4 emissions were likely to be very minimal.

Soil Carbon

To estimate soil carbon accretion rates, one soil core (8.5 cm in diameter and 40
to 50 cm in depth depending on site conditions), was collected at each site between
October 16th, 2011 and November 21st, 2011. Cores were collected using a hand-operated
stainless steel soil corer designed for use in freshwater wetland soils based on Reinhardt
et al. (2000). Each core was extruded and sectioned into 2 cm increments for analysis.
Increments were stored in re-sealable plastic bags and placed on ice while being
transported to the laboratory for analysis. Carbon accretion rates were calculated using
Cesium-137 (137Cs) based soil accretion rates and bulk density; TC content was averaged
across depth increments above the 137Cs layer. Bulk density (BD) was measured by
weighing depth increments that had been air-dried to a constant weight. Increments were
ground, put through a 2 mm mesh diameter screen and subsequently analyzed for TC and
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Cs. TC was measured by dry combustion using a Perkin-Elmer 2400 Series CHNS/O

elemental analyzer. 137Cs was measured by gamma spectroscopy of the 661.62 keV
photopeak (Craft and Richardson 1998). The depth of the 137Cs maximum in each core
corresponds to the 1964 period of maximum deposition of radioactive 137Cs from
aboveground nuclear weapons testing. This peak was used to calculate the rate of vertical
accretion. Only cores that contained interpretable 137Cs profiles were used and were
checked against 210Pb peaks for consistency. Soil accretion rates (mm/year) were
calculated using Eq. 3 (Moshiri 1993):

Eq 3. Soil Accretion Rate =

𝐷𝑒𝑝𝑡ℎ 137 𝐶𝑠 Peak
2011−1964

C accretion rates (g C/m2/year) were subsequently calculated using Eq 4.:

Eq 4.
CAccretion = Soil Accretion × 𝐴𝑣𝑔. 𝐵𝐷 𝑎𝑏𝑜𝑣𝑒 𝐶𝑠 𝑃𝑒𝑎𝑘 × 𝐴𝑣𝑔. % 𝐶 𝑎𝑏𝑜𝑣𝑒 𝐶𝑠 𝑃𝑒𝑎𝑘

To obtain a more accurate site-wide estimation of soil carbon, 20 soil samples
were collected from each site in June 2013, as described in Chapter 3.
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Results

Mean carbon accumulation as calculated by the carbon budget method ranged
between -686.3 ± 1248.0 and 324.3 ±731.0 g C/m2/year (Fig 4-2, Appendix B). All sites
showed positive carbon accumulation with the exception of Mosquito, which had far
larger carbon outputs than inputs. Heterotrophic respiration was the largest carbon output,
with means ranging between 121.4 and 976.5 g C/m2/year, and was also highly variable,
with standard deviations ranging between 362.1 and 1349.3 g C/m2/year (Fig 4-2,
Appendix B). Variability in heterotrophic respiration is due to variability in soil
respiration measurements, which had coefficients of variation ranging between 50% and
310% (Appendix B). Variability in heterotrophic respiration accounted for the majority of
variability in calculated carbon accumulation. With the exception of Cauldron and
Mosquito, fine root carbon was the largest input at each site, with means ranging between
92.3 and 627.7 g C/m2/year (Fig 4-2, Appendix B). Fine root carbon also had the highest
variability of the carbon inputs, between 40.9 and 506.9 g C/m2/year, and was also a
contributor to the large variability in calculated carbon accumulation. The large standard
deviations for heterotrophic respiration and fine root carbon resulted in standard
deviations for calculated carbon accumulation 2 to 100 times the size of the mean, which
severely limits the method’s accuracy.
The range of carbon accumulation as calculated by the budget method was larger
than the range calculated by the 137Cs peak method, but were generally within ranges
reported for riparian wetlands (Table 4-1) (Zehetner et al. 2009). The exception to this
was Mosquito, which had a negative carbon accumulation calculated by the budget
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method and no 137Cs peak. However, this site is partly composed of fill from a project in
the mid-1970s that rerouted the nearby stream. This large-scale soil disturbance is likely
why no 137Cs peak was found. This disturbance may have also affected carbon input and
output pools, resulting in the negative carbon accumulation rate at Mosquito. There is
some evidence that constructed wetlands produce more CO2 than natural wetlands, which
might explain the high mean heterotrophic respiration levels at Mosquito, though very
few studies examine differences more than a few years after construction (Harriss et al.
1988; Mander et al. 2005). Because Mosquito is largely fill and not native soil like the
other sites, it was removed from the rest of the analyses.
Previous research has indicated a wide discrepancy in the estimates of
heterotrophic respiration as a percent of soil respiration (% HR) (Hanson et al. 2000).
While I used estimates of % HR from studies that were similar to my sites, I tested the
effect of my assumption on the calculated carbon accumulation rate. Percent HR
assumptions had a large effect on the C accumulation rate, with alterations as little as 5%
changing calculated carbon accumulation by 20 to 100 g C/m2/day (Fig 4-3).
Furthermore, each site was affected differently by the changes in % HR, as sites with
larger carbon losses to heterotrophic respiration (Fork, Shaver’s Creek, and Cambaris)
were much more affected by changes in % HR than sites that had lower losses due to
heterotrophic respiration (Cauldron and Whipple Dam) (Fig 4-2 and 4-3). These results
indicate that having an accurate estimate of % HR at a site is extremely important for
accurate results, and that improvements in methods for estimating heterotrophic
respiration would be beneficial.
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Root turnover is often hard to measure, with different techniques often resulting
in different estimates of root turnover (Strand et al. 2008). I wanted to establish the effect
my root turnover time assumptions had on calculated carbon accretion rates. Based on
previous research I assumed that fine roots for the H-MH and BPF sites would have a
turnover of one year, and the RCG sites would have a turnover of two years (Ruess et al.
1996; Katterer and Andren 1999; Gill and Jackson 2000). This assumption had a large
effect on calculated carbon accretion rates, as assuming a two year fine root turnover time
reduced carbon accretion estimates by 100 g C/m2/year or more for each site (Fig 4-4).
Therefore improving estimates of root turnover time would also go a long way to
ensuring accurate calculated carbon accretion results.
Total carbon inputs and outputs, as well as the relative importance of the different
input and output parameters, differed between plant community types. RCG sites had the
lowest carbon inputs and outputs overall, with herbaceous carbon and fine root carbon
being the largest contributor to inputs and DOC export and heterotrophic respiration
contributing equally to outputs (Fig 4-5). Woody debris, coarse root biomass, and leaf
litter provided fairly low carbon inputs at RCG sites. H-MH and BPF sites had similar
carbon input and output profiles, as well as similar levels of carbon inputs overall (Fig 45). However, there was much greater variability in the input parameters between H-MH
sites than between BPF sites. Fine root biomass was by far the largest contributor at both
H-MH and BPF sites. Heterotrophic respiration was the largest carbon output at BPF and
H-MH sites, though there was high variability in heterotrophic respiration between HMH sites (Fig 4-5).
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Measured carbon accumulation (137Cs) was the highest for the H-MH plant
community, intermediate for the RCG community, and the lowest for the BPF
community (Fig 4-6). Soil carbon levels measured via combustion analysis were highest
at H-MH sites and lowest at BPF and RCG sites. Both analyses agreed that BPF sites
stored little carbon compared with H-MH sites, which may be explained by the greater
average carbon outputs at BPF sites compared with H-MH and RCG sites (Fig 4-5).

Discussion

Carbon accumulation as calculated by the carbon budget method was similar to
results achieved using the 137Cs method (Table 4-1). However, due to the large natural
variability of heterotrophic respiration and fine root carbon inputs within the standard
deviations for carbon accumulation as calculated by the carbon budgets were very high
(Fig 4-2). This high variability limits the utility of the carbon budget technique as a way
to estimate carbon accumulation at these sites. Despite high variability, the carbon budget
method could be greatly improved by better estimates of heterotrophic respiration and
fine root turnover, which had large effects on the carbon budget. Because soil respiration
is known as a highly variable process, increasing the sample size for estimating CO2
efflux would improve estimates (Rochette et al. 1991; Bubier et al. 2003). Beyond
improving soil respiration estimates, splitting soil respiration into heterotrophic and root
respiration is often a daunting and difficult task. A meta-analysis revealed that root
respiration can account for 10% to 90% of total soil respiration, depending on the
ecosystem and season (Hanson et al. 2000). Though I did find a more specific estimate
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for heterotrophic respiration in Phalaris arundinacea dominated systems, there are very
few studies that attempt to split root and heterotrophic respiration in wetlands, much less
headwater riverine systems (Hanson et al. 2000; Shurpali et al. 2008). Headwater riverine
wetland systems have variable water tables, which is highly likely to influence soil
respiration (Savage and Davidson 2001). However, it is unknown whether the proportion
of heterotrophic respiration to root respiration changes during periods of flooding.
Root turnover is also difficult to measure, and studies have shown that the
methodology used to estimate root turnover greatly affects the measured result (Strand et
al. 2008). Furthermore, many studies are not consistent in what they define as a “fine
root”, with some studies defining fine roots as any root smaller than 5cm, 3cm, or 2cm,
which can affect turnover time (Gill and Jackson 2000). Few root turnover studies have
been conducted in wetlands due to the difficulty of estimating root death in the low
oxygen conditions that inhibit decomposition in wetlands (Iversen et al. 2012). However,
evidence suggests that root turnover time in wetlands is not substantially different from
upland conditions (Gill and Jackson 2000). I found that differences of as little as one year
for fine root turnover had large effects on the calculated carbon budget (Fig 4-4), and
therefore further studies of fine root turnover in wetlands could greatly improve the
accuracy of estimated carbon accumulation rates.
Though high variability in heterotrophic respiration and fine root carbon limited
the ability of the carbon budget method to estimate carbon accumulation, it did provide a
mechanistic understanding of the relative importance of the different input and output
parameters as well as how altered plant community can affect carbon storage. According
to my results, heterotrophic respiration was the generally the largest carbon output, while

84

fine root carbon was the largest carbon input (Fig 4-2). These results are supported by
previous research that confirmed soil respiration from wetlands and forests was a major
carbon loss (Clair et al. 2002; Richardson 2006) and that fine root carbon is often a major
source of soil carbon, outstripping above ground carbon inputs (Ruess et al. 1996; Rasse
et al. 2005). The major exceptions to this were Cauldron and Mosquito, the RCG sites,
where herbaceous carbon inputs often equaled or outstripped fine root carbon inputs (Fig
4-2). Fine root carbon inputs were lower at the RCG site partly due to the assumption,
based on previous research, that RCG sites would have slower fine root turnover
compared with the H-MH and BPF sites (Gill and Jackson 2000). Other studies have
shown that grass ecosystems tend to produce greater amounts of herbaceous biomass than
forested ecosystems, which likely explains the greater relative contribution of herbaceous
carbon to carbon inputs at Cauldron and Mosquito (Briggs et al. 2002; Lett and Knapp
2005).
H-MH sites had high carbon inputs and also the largest carbon accumulation rates
(Fig 4-5 and 4-6). These findings echo those of other studies showing that hemlock
forests are able to store more carbon compared to their deciduous counterparts (Hadley
and Schedlbauer 2002). Greater carbon storage at H-MH sites may be due to the
production of more slowly decomposing plant material in these systems, which would
likely reduce heterotrophic activity and DOC export, resulting in the low DOC export
found at hemlock sites (Raich and Tufekcioglu 2000; Neff and Hooper 2002; Kalbitz et
al. 2006).
There has been much concern that climate change could reduce carbon storage
within wetlands. My results indicated that fine root carbon inputs and heterotrophic
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respiration were the largest input and output of carbon within each site (Fig 4-2).
Previous research has indicated that heterotrophic respiration could increase with
increasing temperatures, which would decrease the amount of carbon stored in wetland
soil (Zak et al. 2000). While studies have shown increased plant biomass in response to
rising atmospheric CO2 levels, an increased allocation of biomass to plant roots under
increased atmospheric CO2 levels has not been found (Poorter and Nagel 2000).
Therefore, while we will likely see increased root biomass, herbaceous biomass, and leaf
litter, we would not expect to see a shift in the proportion of their contributions. Whether
the increase in plant biomass would cancel an increase in heterotrophic respiration is
currently unknown (Zak et al. 2000). Some studies have also indicated that DOC export
from wetlands may increase with increasing atmospheric CO2 levels (Freeman et al.
2004). However, DOC was a relatively small portion of carbon outputs, and thus an
increase in DOC export may not have a large impact on the overall carbon sequestration
in these systems.

Conclusions

With this research I aimed to determine the effects of disturbance on the carbon
budget (inputs vs outputs) of headwater wetlands. Despite approximate agreement
between calculated and measured carbon accumulation rates, high variability of fine root
carbon and heterotrophic respiration limit the utility of the carbon budget method for
providing accurate estimates of carbon accumulation within a site. However, great insight
into the relative importance of the various carbon inputs and outputs within the three
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different plant communities was gained. RCG sites had greater herbaceous plant carbon
inputs, and far lower woody debris, leaf litter, coarse root, and fine root carbon inputs
compared with other plant communities, while H-MH sites had lower DOC export
compared to the other plant communities. These differences indicate that plant
community has great influence over the type and amount of carbon inputs, and that
differences in plant community associated with different land-use regimes influence
carbon cycling in wetlands. H-MH sites were shown to have the highest soil carbon
stocks as well as the highest carbon accumulation rates by both 137Cs and the carbon
budget method, indicating the importance of the hemlock plant community for storing
carbon.
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Tables and Figures
Table 4-1. Comparison of carbon accumulation rates as calculated by the carbon budget method
and 137Cs peak method (g/m2/year)

Carbon budget

137

Cs method

Whipple Dam

48.9 ± 922.4

112.6

Fork

324.3 ± 731.0

No Data

Shaver’s Creek

7.5 ± 950.7

28.94

Cambaris

63.4 ± 1453.6

7.54

Cauldron

279.9 ± 407.5

77.28

Mosquito

-686.3 ± 1248.0

No Cs Peak
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Figure 4-1. Diagram of carbon inputs and outputs within wetlands. Boxes with light shaded
wording are assumed to be negligible in headwater riparian wetlands.
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Figure 4-2. Comparison of carbon inputs and outputs by site. Total bar height represents all inputs
or outputs. Error bars represent standard deviation from the mean. Error bars for heterotrophic
respiration have dashed lines while all other error bars have solid lines. Tables with means ±
standard deviations for each input and output parameter can be found in Appendix B.
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Figure 4-3. Effect of soil respiration assumptions on calculated carbon accretion rate. Solid and
dashed black line represent assumed values of % of soil respiration attributable to heterotrophic
respiration (% HR) for H-MH sites and BPF sites (solid black line) and RCG sites (dashed black
line).
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Figure 4-4. Effect of assumptions of fine root turnover time on calculated carbon accretion rates.
Solid and dashed black line represent assumed root turnover time for H-MH sites and BPF sites
(solid black line) and RCG sites (dashed black line).
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Figure 4-5. Comparison of carbon inputs and outputs by plant community. Total bar height
represents all inputs or outputs. Error bars represent standard deviation from the mean. Error bars
for heterotrophic respiration have dashed lines while all other error bars have solid lines.
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a.

b.
Figure 4-6. Carbon accumulation rate as measured by 137Cs (a) and measured soil carbon levels
(g/m2) (b) by plant community

Chapter 5 Effects of Land-Use Regime on Process Scale Parameters
Important to Carbon Storage and Denitrification in Riparian Wetlands

Introduction

Differences in land-use regime surrounding wetlands have been correlated with
changes in plant community, hydroperiod, nutrient inputs, and sedimentation (Wardrop
and Brooks 1998; Chamberlain et al. 2013; Hychka et al. 2013). In previous chapters I
have shown that these changes are likely to impact the functions of carbon storage and
denitrification by altering input and outputs of carbon as well as altering the distribution
of factors important to denitrification within wetlands. In this chapter, I examine
differences in all previously measured factors known to affect carbon storage and
denitrification between high and low disturbance sites to examine the effect of land-use
on the multiple factors associated with carbon storage and denitrification.
Carbon storage is determined by the inputs versus outputs of carbon within the
wetland. Inputs are determined by plant biomass and plant carbon content, while outputs
are determined by decomposition of plant and soil carbon. Plant communities composed
of invasive species are likely to have higher biomass inputs, but more readily
decomposable plant litter due to higher N content and lower lignin content, C:N ratios,
and lignin:N ratios than native plant communities (Ehrenfeld 2003; Cornwell et al. 2008).
Furthermore, decomposition can be increased by higher temperatures and higher soil
oxygen levels found at high disturbance sites due to lower tree cover and water table,
respectively (Monteith and Szeicz 1962; Horwath 2007; Prescott 2010). Thus increases in
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invasive plant species and lower tree cover found in wetlands surrounded by agricultural
activity may result in changes in the process scale factors of biomass and plant litter
decomposability which can impact carbon storage in these wetlands (Fig 5-1).
Changes in carbon storage within riparian wetlands can also affect denitrification
(Fig 5-1). NO3- levels can be impacted by nitrification, which is affected by NH4+, DO,
and dissolved organic nitrogen (DON) concentrations (Jones and Hood 1980; Hefting et
al 2004; Brookshire et al. 2005). Lower water tables found at high disturbance sites are
likely to increase DO levels, which would decrease denitrification and increase
nitrification (Hochstein et al. 1984; Parkin and Tiedje 1984; Hefting et al. 2004).
Agricultural activity surrounding high disturbance sites could increase denitrification by
increasing NO3- and DON runoff into wetlands (Jacobs and Gilliam 1985; Pellerin et al.
2006). Invasive plant communities found at high disturbance sites may increase
denitrification by producing more DOC and DON due to increased decomposition rates
(Neff and Hooper 2002; Kalbitz et al. 2006; Liao et al. 2007). Lower tree cover at high
disturbance sites may increase denitrification by increasing average site temperature
(Monteith and Szeicz 1962; Sirivedhin and Grey 2006). To be able to effectively predict
and manage denitrification across a disturbance gradient in wetlands, a clearer
understanding of the differences in process-scale parameters between high and low
disturbance wetlands is required.
Because of the importance of denitrification and carbon storage, there is great
interest in being able to accurately assess and effectively manage wetlands for the
provisioning of these services. However, recent research has pointed out that rapid
assessments for denitrification and carbon storage need to be both validated and
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improved (Jordan et al. 2007; Palmer 2009; Stander and Ehrenfeld 2009; Berkowitz and
White 2013). To improve rapid assessments, we need to first establish correlations
between proxies used in the assessments and the parameters that affect carbon storage
and denitrification. The floristic quality metric of Adjusted FQI (I´) has been shown to be
an excellent indicator of anthropogenic disturbance and wetland habitat quality (Miller
and Wardrop 2006), can be rapidly assessed by a trained botanist, and does not require
the monetary and time expense of collecting soil, water, or plant samples for chemical
analysis. Furthermore, I´ is directly related to the plant community, which affects many
important process level factors for both denitrification and carbon storage (Fig 5-1).
These attributes make I´ a prime candidate to be tested as a proxy for parameters
affecting denitrification and carbon storage.
To manage wetlands with respect to denitrification and carbon cycling, we must
gain a mechanistic understanding of how differences in land-use affect the process scale
factors that affect these ecosystem services. Furthermore, proxies that relate to both
wetland disturbance and to factors affecting carbon storage and denitrification must be
found and tested in order to improve rapid assessments. To further understand how these
process scale factors differ between wetlands in forested and agricultural landscapes I
examine floristic quality, soil carbon, plant biomass, plant litter quality, and water
chemistry in three high disturbance and three low disturbance headwater riparian
wetlands. With this study I aim to:
1. Examine the effect of land-use regime on the multiple process scale factors
associated with carbon storage and denitrification.
2. Test the utility of I´ as a useful proxy for these process scale variables
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Floristic Quality Assessment

Floristic quality assessments use plant coefficients of conservatism and native
plant species richness to estimate habitat quality and anthropogenic disturbance (Swink
and Wilhelm 1994). For this study I used the Adjusted FQI (I´) metric (Eq 1),
Eq 1. 𝐼 ′ = (

𝐶̅

√𝑁

10 √𝑁+𝐴

) × 100

where 𝐶̅ is the mean value of the coefficients of conservatism for the native species, N is
the number of native species, and A is the number of non-native species found within a
site (Miller and Wardrop 2006). I´ expands upon the traditional floristic quality
assessments by including non-native species and has been found to better correlate with
disturbance in central Pennsylvania compared to traditional floristic quality assessments.
Values of I´ range from 0-100, with high scores indicating a disturbance-intolerant plant
community. Plant species lists were created for each site with the assistance of a trained
botanist in late June 2013. I´ was calculated from these plant lists using the Mid Atlantic
Wetland Workgroup Floristic Quality Assessment Index (http://apps.cei.psu.edu/fqacalc/,
last accessed 7/15/2013).

Water Chemistry, Soil, and Vegetation Methods

In addition to the water chemistry methodology described in Chapters 2 and 4,
samples were analyzed for TN, DON, and SUVA254. Samples collected for DOC analysis
were also analyzed for TN using the high temperature combustion method (Shimadzu
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TOC-VCPH w/ ASI-V). DON was determined by subtracting NO3- and NH4+ from TN.
SUVA254 and DOC:DON ratios were calculated as an assessment of DOC quality. UV
absorbance at 254nm was measured for each DOC sample within two weeks of collection
using a Shimadzu UV-1800 Spectrophotometer. SUVA254 values were calculated using
Eq 1.
Eq 1.

𝐿

𝑆𝑈𝑉𝐴 (𝑚𝑔 𝐶 𝑚) =

𝐴𝑏𝑠(254)
𝑐𝑚
𝐶
𝐷𝑂𝐶(𝑚𝑔 )
𝐿

𝑥 100 𝑐𝑚/𝑚

Where Abs(254) is the absorbance at 254nm. Because iron has been known to
interfere with absorbance measurements at this wavelength, iron concentrations were also
assessed for each DOC sample using the 3113B electrothermal atomic absorption
spectrometric method (Perken Elmer AAnalyst 800). If iron concentration exceeded 2
mg/L the sample was excluded from SUVA254 analysis (Weishaar et al. 2003).
Soil and vegetation TC and TN, as well as herbaceous biomass, leaf litterfall,
coarse root biomass, fine root biomass, and dead root biomass were determined as
described in Chapters 3 and 4. Soil texture, respiration, and bulk density were collected
as described in Chapter 4.
While carbon inputs and outputs are important for carbon storage, soil fauna can
also have a large impact on the distribution and quantity of soil carbon at a site.
Earthworms are known to be important ecosystem engineers, whose activity has been
shown to reduce litter layer depth and homogenize soil carbon distribution (Edwards
2004; Jouquet et al. 2006; Lyttle et al. 2011). Earthworms have been found in abundance
in riparian floodplains (Zorn et al. 2005), but the effects of disturbance due to altered
wetland ecosystem structures on earthworm populations in riparian wetlands is generally
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unknown. I examined earthworm density at all six sites in September 2013 using the
manual sorting technique (Zorn et al. 2005; Pelosi et al. 2009).

Data Analysis

Comparisons between high and low disturbance sites for all parameters were done
using Mann-Whitney U Tests. Relationships between each parameter and I´ were
determined using linear regression. All analyses were performed in JMP. 9.0.2®. All
graphs were created using R.

Results

Significant differences were found between high and low disturbance sites for I´,
percent forest, and percent agriculture (p<0.05) (Table 5-1). Low disturbance sites had
significantly higher I´, indicating a more native plant community than high disturbance
sites. Low disturbance sites also had significantly higher percent forest and lower percent
agriculture compared to high disturbance sites, providing a verification that low
disturbance sites are indeed set in different land-use regimes than high disturbance sites.
Though not significant, low disturbance sites had higher water tables, as indicated by
percent time above -30 cm and percent time above 0 cm than the high disturbance sites.
Despite the lack of statistical significance, water tables were above -30 cm below ground
level twice as often in low disturbance site than high disturbance sites. None of the sites
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are inundated for long periods of time, as indicated by low values for percent time above
0 cm (Table 5-1).
For water chemistry parameters, low disturbance sites had significantly lower
DOC concentrations, higher SUVA254, higher DOC:DON ratio, and lower DON
concentrations compared with high disturbance sites (p<0.05) (Table 5-2). Though not
significant, low disturbance sites also had lower pH, spring and fall temperature, NH4+
concentrations, NO3- concentrations, and higher DO concentrations than the high
disturbance sites (Table 5-2). These findings indicate that on average the low disturbance
sites are wetter and cooler overall than the high disturbance sites (Table 5-1 and 5-2).
Furthermore, lower DON concentrations, DOC concentrations, and DOC lability (as
indicated by SUVA254 and DOC:DON ratio) at low disturbance sites indicates that the
quantity and quality of dissolved organic matter is lower at these sites (Table 5-2).
Comparisons were also made at Whipple Dam between water sampling events prior to
and after invasion of microstegium vimineum. With the exception of NO3-, which was
higher post-invasion, there were no significant differences in water quality parameters
before and after invasion (p<0.05). However, NO3- was also elevated at other sites during
the time after microstegium vimineum was established at Whipple Dam, indicating that
these higher NO3- levels may be due to factors other than the microstegium vimineum
invasion.
For soil parameters, top horizon percent C and C:N ratio were significantly higher
in low disturbance sites compared to high disturbance sites (Table 5-3). While not
significant, top horizon percent N and whole profile percent C, percent N, and C:N were
higher in low disturbance than high disturbance sites (Table 5-3). This indicates that low
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disturbance sites are storing more carbon, with greater carbon storage in the top horizon
of the soil profile. Low disturbance sites also had less decomposable carbon, as indicated
by higher C:N ratios. Earthworm density was significantly higher in high disturbance
sites (Table 5-3). There were no significant differences between high and low disturbance
sites for any of the soil texture, bulk density, or respiration parameters (Mann Whitney U
Test, p<0.05). Though high disturbance sites did have slightly lower average sand
content, bulk density, and soil respiration, and slightly higher silt and clay content, the
averages were within one standard deviation of each other (Table 5-3).
There were few significant differences in plant biomass parameters between high
and low disturbance sites. Dead root biomass, which was higher in low disturbance sites,
was the only plant biomass parameter that was significantly different (p<0.05) (Table 54). This may be tied to higher average water tables in low disturbance sites (Table 5-2),
which would slow decomposition of dead roots (Moore et al. 2007), or it may be due to
higher coarse root biomass at low disturbance sites, which would produce roots that
decayed more slowly (Gill and Jackson 2000). Though not significant, low disturbance
sites had higher leaf litterfall, woody debris, and coarse root biomass; and lower
herbaceous biomass and fine root biomass compared with high disturbance sites. There
was a large amount of variability in all biomass measures, with many sites having
standard deviations larger than 100 g/m2. Higher leaf litterfall, woody debris, and coarse
root biomass at low disturbance sites is likely due to the greater presence of trees (Miller
et al. 2006). Herbaceous Lignin:N ratio, which was higher in low disturbance sites, was
the only significantly different plant litter quality parameter between high and low
disturbance sites (p<0.05) (Table 5-5). Though not significant, low disturbance sites had
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lower herbaceous percent N and percent cellulose, and higher percent lignin and C:N
ratio compared with high disturbance sites (Table 5-5). Percent C for herbaceous plant
material was approximately the same for high and low disturbance sites (Table 5-5). Leaf
litter quality parameters were mostly similar between high and low disturbance sites,
though C:N ratio tended to be higher in low disturbance sites (Table 5-5).
Linear relationships were tested between all water, soil, and vegetation parameters
and I´ to examine the utility of I´ as a proxy for each parameter. Here I report the results
of these relationships and show figures for significant relationships (p<0.05). Figures for
non-significant relationships can be found in Appendix C.
Relationships between I´ and water parameters were varied. Significant negative
relationships were found between I´ and pH (r2=0.70) (Fig 5-2). Significant positive
relationships were found between I´ and metrics indicating DOC quality: SUVA254
(r2=0.83), and DOC:DON ratio (r2= 0.89) (Fig 5-2). Though DOC and DO had
moderately strong relationships with I´ (r2= 0.50 and r2=0.48 respectively), neither of
these relationships were significant (Appendix C). Though I´ had a significant negative
relationship with DON (r2=0.75), poor relationships were found between I´ and NH4+
(r2=0.20) and NO3- (r2=0.26) (Fig 5-2, Appendix C). This indicates that I´ is a good proxy
for organic nitrogen, but not inorganic nitrogen. The relationship between I´ and average
temperature varied seasonally. Average spring temperature had a significant negative
relationship with I´ (r2=0.70), while average fall temperature had a weak negative
relationship with I´ (r2=0.38) (Fig 5-2, Appendix C). Overall, I´ is a good proxy for DON
quantity and DOC quantity and quality (SUVA254, DOC:DON ratio).
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Relationships between I´ and soil metrics were positive, but with varying strength.
Significant positive relationships were found between I´ and C:N ratio (r2=0.76) for the
soil profile to 50 cm (Fig 5-3). The relationship between I´ and percent C in the soil
profile to 50 cm was moderately strong but not significant (r2=0.55) and the relationship
between I´ and percent N in the soil profile to 50 cm was poor (r2=0.21) (Appendix C).
Significant positive relationships were found between I´ and top horizon percent C
(r2=0.72), percent N (r2=0.66), and C:N ratio (r2=0.83) (Fig 5-3). Overall, I´ is a good
proxy for carbon content, carbon quality, and nitrogen in the top horizon of soil.
No significant relationships were found between I´ and any vegetation biomass
measurements. However, there was a positive, moderately strong relationship between I´
and leaf litter biomass (r2=0.43) and dead root biomass (r2=0.48) (Appendix C). A
significant, positive relationship was found between I´ and herbaceous percent lignin
(r2=0.66) and leaf litter percent C (r2=0.66) (Fig 5-4). Though not significant, fairly
strong, positive relationships were found between I´ and herbaceous vegetation percent C
(r2=0.56), herbaceous lignin:N ratio (r2=0.50), and leaf litter percent lignin (r2=0.50),
while a fairly strong negative relationship was found between I´ and herbaceous percent
cellulose (r2=0.55) (Appendix C). I´ had somewhat poor relationships with herbaceous
vegetation percent N (r2=0.34), herbaceous C:N ratio (r2=0.26), leaf litter percent N
(r2=0.11), leaf litter percent cellulose (r2=0.02), leaf litter C:N ratio (r2=0.30), and leaf
litter Lignin:N ratio (r2=0.29) (Appendix C). Overall, I´ was a poor proxy for measures of
plant biomass and plant litter quality.
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Discussion

These findings indicate that carbon storage differs between wetlands surrounded
by forested and anthropogenic land-use regimes. Soil percent C was significantly higher
in the top horizon at low disturbance sites (Table 5-3). Furthermore, significant
differences in DOC concentration, DOC lability (as measured by SUVA254 and
DOC:DON ratio), top horizon soil percent C, and top horizon soil C:N ratio (Tables 2
and 3), indicate that carbon dynamics are different between high and low disturbance
wetlands. Previous research has implicated differences in plant litter quality as a main
driver of decomposition dynamics (Enriquez et al. 1993; Cornwell et al. 2008), which
then translate into differences in DOC, soil C, and carbon quality between high and low
disturbance sites (Kalbitz et al. 2006; Liao et al. 2007). That herbaceous litter Lignin:N
ratio was significantly lower in high disturbance sites supports this idea, as Lignin:N ratio
has been found to be related to decomposition (Prescott 2010; Pettit et al. 2012). These
results indicate that land-use regime has a large impact on carbon dynamics and storage
in these systems, agreeing with other studies showing that disturbed and created wetlands
have reduced carbon storage capacity compared to their low disturbance counterparts
(Bischel-Machung et al. 1996; Howe et al. 2009; Moon 2012).
Though differences were noted in carbon storage between high and low
disturbance wetlands, there were very few significant differences noted for the process
scale factors affecting carbon storage, with the exception of dead root biomass,
earthworm density, and herbaceous Lignin:N ratio. It is possible that the greater number
of earthworms at high disturbance sites are redistributing carbon through the soil profile
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and potentially increasing plant matter decomposition (Kretzschmar and Ladd 1993;
Edwards 2004; Lyttle et al. 2011). Another possibility is that the non-significant
differences in herbaceous percent C, percent lignin, and Lignin:N ratio; and leaf litter
percent C and percent lignin between high and low disturbance sites may be affecting
decomposition and thus carbon storage (Table 5-3). Previous research has indicated that
differences in litter quality increase decomposition and carbon outputs in disturbed
wetlands (Liao et al. 2007). Results from Chapter 3 indicate that the differences in plant
litter quality may be biologically significant in terms of altering decomposition rates and
carbon dynamics between high and low disturbance wetlands.
While I found evidence that factors important to denitrification are impacted by
land-use regime, it is unclear how these differences would affect denitrification.
Significantly higher DON and DOC concentrations were found at high disturbance sites
(Table 5-2). The higher levels of DON and DOC, as well as greater carbon lability in high
disturbance wetlands would likely increase denitrification (Seitzinger 1994; Schipper et
al. 1994; Sirivedhin and Grey 2006). However, lower average water table, along with
flashier hydroperiod found in high disturbance wetlands may result in an environment
where denitrification only occurs in short temporal spikes during high water table events
(McClain et al. 2003). Whether these hot-moments of denitrification would remove
similar amounts of NO3- as a low disturbance environment with lower, but more
consistent, rates of denitrification is unknown (McClain et al. 2003).
Though my results indicate that disturbance has the potential to increase
denitrification, many rapid assessments assume that an increase in disturbance to an
ecosystem is universally detrimental to ecosystem functioning and ecosystem services
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(Fennessy et al. 2004). This assumption remains relatively untested when it comes to
predicting biogeochemical functions such as denitrification and DOC export (Jordan et al.
2007; Stander and Ehrenfeld 2009; Berkowitz and White 2013; McLaughlin and Cohen
2013). In my study, the conflicting influences of multiple parameters important to
denitrification make predicting the effects of land-use regime on denitrification difficult.
Furthermore, many assessments for DOC export are based on the assumption that greater
amounts of soil carbon translate into greater DOC export from that wetland (Wardrop et
al. 2007a; Berkowitz and White 2013). However, the higher DOC levels found at sites
with lower soil percent C and C:N ratios in my study indicate that this assumption may
not be true. Furthermore, these results indicate that not only is there more DOC at high
disturbance sites, but that it may also be more labile (indicated by lower SUVA254 and
DOC:DON ratios), increasing its availability to microbes (Fellman et al. 2008). Given the
importance of DOC concentrations and bioavailability to microbial functioning (Schipper
et al. 1994; Strauss and Lamberti 2002), these findings call into question the assumption
that anthropogenic disturbance will automatically reduce biogeochemical ecosystem
functioning.
I´ has been shown to be a good proxy for anthropogenic disturbance and habitat
quality in wetlands (Miller and Wardrop 2006). Here, I tested the relationships between I´
and multiple process level factors important to denitrification and carbon storage to
determine the utility of I´ as an easily measured proxy for these factors. I´ showed
significant relationships with soil and water carbon levels and carbon quality metrics,
indicating that I´ is a good proxy for metrics associated with soil carbon storage and
carbon export (Table 5-6). While I´ did have strong relationships with the denitrification
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process scale factors of DON concentration, DOC concentration, spring temperature, and
pH, I´ did not have strong relationships with NO3- concentration, DO concentration, or
fall temperature (Table 5-6), limiting the utility of using I´ as a proxy for denitrification.
Previous research has also found the prediction of denitrification rates from
wetland-scale proxies to be difficult, as many of these proxies do not account for the
within-site spatial and temporal variability of parameters important to denitrification
(Chapter 2). Furthermore, given the number of factors affecting denitrification, the
chances that all factors would be similarly influenced by anthropogenic disturbance and
that only one proxy would correlate with them all is unlikely. Many functional
assessments are designed with the assumption that low disturbance sites have the highest
level of function when in reality disturbance may have little impact or even increase
certain functions (Brinson and Rheinhardt 1996; Zedler 2003; Fennessy et al. 2004;
McClaughlin and Cohen 2013). Though some studies have found decreased
denitrification with disturbance, others have found increased denitrification or no effect
with disturbance (Seitzinger 1994; Hunter and Faulkner 2001; Bruland et al. 2006; Jordan
et al. 2007). It is possible that, due to the sheer complexity of denitrification, attempts to
design rapid assessments from easily measured proxies with the expectation that they
accurately reflect denitrification may be unrealistic.
While there were moderately strong relationships between I´ and some
herbaceous and leaf litter quality metrics, there were no good relationships between I´
and any vegetation biomass measures (Table 5-6). Though I´ is a plant community based
measure, it is based on coefficient of conservatism and species richness, which are not
necessarily related to plant biomass production or plant litter quality. Coefficients of
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conservatism are a measure of habitat specificity, which is not necessarily related to
biomass or plant litter quality (Swink and Wilhelm 1994). Because plants are given
coefficients of conservatism based on habitat tolerance, many plants with very different
litter quality and biomass production could be given the same coefficient of
conservatism. Species richness has been shown to be related to plant biomass production,
but not necessarily to plant litter quality (Wardle et al. 1997; Hector et al. 1999; Hector et
al. 2000). This is a likely explanation for why a plant community based metric related so
poorly with plant biomass and plant litter quality metrics.

Conclusions

With this research, I aimed to examine the differences in process level parameters
important to carbon storage and denitrification between high and low disturbance
wetlands and to assess the utility of I´ as a proxy for these parameters. I found significant
differences in DOC concentration and quality as well as soil carbon levels and quality
between high and low disturbance sites, indicating a shift in carbon storage between high
and low disturbance wetlands. I also found significant differences in herbaceous
Lignin:N ratio, and non-significant differences in herbaceous percent C, percent lignin,
percent cellulose, and Lignin:N ratio, and leaf litter percent C and percent lignin between
high and low disturbance sites, indicating differences in plant litter quality that likely
affects the decomposability of the plant matter. While there were significant differences
in DOC concentration, DON concentration, pH, and spring temperature between high and
low disturbance sites, there were no significant differences in NO3- concentration, DO
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concentration, NH4+ concentration, or fall temperature. These results make predicting the
effect of land-use regime on denitrification difficult.
I´ had strong relationships with DOC, DOC:DON ratio, SUVA254, whole profile
soil percent C and C:N ratio, and top horizon soil percent C and C:N ratio, making I´ a
good proxy for water and soil carbon and carbon quality. However, I´ did not share
strong relationships with NO3- concentration or DO concentration, which likely limits the
utility of I´ as a proxy for denitrification. Overall, I conclude that I´ will be a useful and
relatively inexpensive tool for wetland managers who want to assess wetland carbon
storage and carbon export.
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Tables and Figures
Table 5-1. Land-Use, floristic quality, and hydrology metrics for high and low disturbance
wetlands (average and standard deviation)

Low

High

% Forest*

84.1 ± 8.1

34.07 ± 5.15

% Agriculture*

7.52 ± 5.41

45.37 ± 11.69

Adjusted FQI*

46.83 ± 9.93

23.83 ± 2.72

% time above -30 cm1

50.48 ± 7.00

24.63 ± 5.49

% Time above 0cm1

3.51 ± 4.96

1.94 ± 2.20

* denotes significant difference in value between high and low disturbance sites (p<0.05,
Mann-Whitney U test)
1.

Indicates that site Fork is missing from analysis
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Table 5-2. Average water chemistry values for high and low disturbance wetlands (average and
standard deviation)

Low

High

pH

5.98 ± 0.58

6.46 ± 0.35

Fall Temperature (ºC)

9.35 ± 3.26

11.08 ± 1.44

Spring Temperature (ºC)

15.35 ± 1.16

17.27 ± 1.45

DO (mg/L)

2.71 ± 0.97

2.24 ± 0.36

DOC (mg C/L)*

2.7 ± 0.44

5.27 ± 0.86

SUVA254 (L/mg C m)*

3.89 ± 0.88

2.84 ± 0.05

DOC:DON ratio*

28.22 ± 2.65

17.6 ± 3.27

NH4+ (mg-N/L)

0.07 ± 0.03

0.12 ± 0.06

NO3- (mg-N/L)

0.04 ± 0.04

0.09 ± 0.04

DON (mg-N/L)*

0.11 ±0.01

0.33 ± 0.04

* denotes significant difference in value between high and low disturbance sites (p<0.05,
Mann-Whitney U test)
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Table 5-3. Soil parameters for high and low disturbance wetlands (average and standard
deviation)

Low

High

Whole Profile %C

4.63 ± 3.19

2.73 ± 0.24

Whole Profile %N

0.24 ± 0.09

0.22 ± 0.03

Whole Profile C:N

17.56 ± 5.19

12.5 ± 2.65

Top Horizon %C*

16.58 ± 14.06

4.23 ± 0.41

Top Horizon %N

0.74 ± 0.52

0.34 ± 0.05

Top Horizon C:N*

20.75 ± 3.27

12.56 ± 2.29

% Sand

18.33 ± 14.47

11.67 ± 9.87

% Silt

58.67 ± 5.77

62.67 ± 5.77

% Clay

23.33 ± 8.14

25.9 ± 4.29

Bulk Density (g/cm3)

1.37 ± 0.15

1.27 ± 0.21

Soil Respiration (g CO2/m2/hr)

0.2 ± 0.1

0.17 ± 0.11

Earthworm Density (worms/m2)*

57.3 ± 42.8

432.0 ± 257.5

* denotes significant difference in value between high and low disturbance sites (p<0.05,
Mann-Whitney U test)
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Table 5-4. Plant biomass metrics for high and low disturbance wetlands (average and standard
deviation)

Low

High

Leaf Litterfall (g/m2)

266.95 ± 49.96

143.4 ± 91.66

Herbaceous Biomass (g/m2)

335.87 ± 179.75

523.41 ± 203.61

Woody Debris (g/m2)

154.8 ± 102.92

44.94 ± 69.95

Coarse Root Biomass (g/m2)

923.38 ± 499.85

498.86 ± 324.74

Dead Root Biomass (g/m2)*

182.57 ± 40.40

76.62 ± 10.94

Fine Root Biomass (g/m2)

936.74 ± 518.46

1206.7 ± 588.12

*denotes significant difference in value between high and low disturbance sites (p<0.05,
Mann-Whitney U test)
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Table 5-5. Plant litter quality metrics for high and low disturbance wetlands (average and
standard deviation)

Low

High

%C Herbaceous

44.74 ± 2.00

42.95 ± 1.59

%N Herbaceous

1.77 ± 0.30

2.34 ± 0.47

% Lignin Herbaceous

25.3 ± 8.98

12.3 ± 4.68

% Cellulose Herbaceous

28.77 ± 7.31

32.6 ± 1.40

C:N Ratio Herbaceous

25.8 ± 4.73

18.94 ± 4.47

Lignin:N Ratio Herbaceous*

14.89 ± 7.3

5.67 ± 3.34

%C Litterfall

47.36 ± 4.83

43.63 ± 3.46

%N Litterfall

1.02 ± 0.11

1.18 ± 0.24

% Lignin Litterfall

29.18 ± 3.71

26.29 ± 2.93

% Cellulose Litterfall

27.66 ± 3.48

30.49 ± 2.4

C:N Ratio Litterfall

47.23 ± 5.04

38.9 ± 11.53

Lignin:N Ratio Litterfall

28.81 ± 0.75

23.36 ± 7.62

* denotes significant difference in value between high and low disturbance sites (p<0.05,
Mann-Whitney U test)
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Table 5-6. Summary of strong relationships (r2>0.50) between I´ and variables measured

r2

Relationship

Description

0.70

Negative

pH increases with disturbance

0.70

Negative

Spring temperature increases
with disturbance

0.50

Negative

0.84

Negative

DOC:DON ratio*

0.89

Positive

DON (mg-N/L)*
% C whole
profile
C:N ratio whole
profile*

0.75

Negative

0.55

Positive

0.76

Positive

%C top horizon*

0.72

Positive

%N top horizon*

0.66

Positive

C:N ratio top
horizon*

0.83

Positive

Earthworm
Density
(worms/m2)

0.55

Negative

%C

0.56

Positive

% Lignin *

0.66

Positive

% Cellulose

0.55

Negative

Lignin:N ratio

0.50

Positive

Lignin:N ratio decreases with
disturbance

%C *

0.66

Positive

% C decreases with disturbance

% Lignin

0.50

Positive

% lignin decreases with
disturbance

pH*

Water
Variables

Soil
Variables

Herbaceous
Chemistry
Variables

Leaf Litter
Chemistry
Variables

Spring
Temperature
(°C)*
DOC (mg C/L)
SUVA254
(L/mg C m)*

DOC increases with disturbance
SUVA254 decreases with
disturbance
DOC:DON ratio decreases with
disturbance
DON increases with disturbance
Soil %C decreases with
disturbance
C:N ratio decreases with
disturbance
Top horizon %C decreases with
disturbance
Top horizon %N decreases with
disturbance
C:N ratio in the top horizon
decreases with disturbance
Earthworm density increases
with disturbance
Vegetation %C decreases with
disturbance
% lignin decreases with
disturbance
% cellulose increases with
disturbance

* indicates significant relationship between I´ and variable
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Figure 5-1. Factors affecting carbon storage and denitrification in wetlands. Solid lines indicate
between-scale connections of factors while dashed lines indicate within-scale connections of
factors. Text in gray are factors controlled for in this study. Modified from Groffman 1988.
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Figure 5-2. Water chemistry variables with significant relationships with I´ (p<0.05). Circles
represent high disturbance sites and triangles represent low disturbance sites.
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Figure 5-3. Significant relationships between soil variables and I´ (p<0.05). Circles represent high
disturbance sites and triangles represent low disturbance sites.
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Figure 5-4. Significant relationships between herbaceous plant litter quality parameters, leaf litter
quality parameters and I´ (p<0.05). Circles represent high disturbance sites and triangles represent
low disturbance sites.

References
Abrams, M., and Nowacki, G. 1992. Historical variation in fire, oak recruitment, and postlogging accelerated succession in central Pennsylvania. Bulletin of the Torrey Botanical
Club 119(1):19-23.
Adamus, P., and Brandt, K. 1990. Impacts on quality of inland wetlands of the United States: a
survey of indicators, techniques, and application of community-level biomonitoring data.
Office of Research and Development, U.S. EPA. EPA/600/3-90/073.
Aitkenhead, J., D. Hope, and M. Billett. 1999. The relationship between dissolved organic carbon
in stream water and soil organic carbon pools at different spatial scales. Hydrological
Processes 13:1289–1302.
Altor, A. E., and W. J. Mitsch. 2006. Methane flux from created riparian marshes: relationship to
intermittent versus continuous inundation and emergent macrophytes. Ecological
Engineering 28:224–234.
Appleby, P. G., and F. Oldfield. 1978. The calculation of lead-210 dates assuming a constant rate
of supply of unsupported 210-Pb to the sediment. Catena 5:1–8.
Arguez, A., Durre, I., Applequist, S., Vose, R., Squires, M., Yin, X., Heim, R., Owen, T. 2012.
NOAA’s 1981-2010 U.S. climate normals: an overview. American Meteorological Society.
1687-1697.
Atkinson, R. B., and J. Cairns. 2001. Plant decomposition and litter accumulation in depressional
wetlands: Functional performance of two wetland age classes that were created via
excavation. Wetlands 21:354–362.
Baldocchi, D. D. 2003. Assessing the eddy covariance technique for evaluating carbon dioxide
exchange rates of ecosystems : past, present and future. Global Change Biology 9:479–492.
Barnes, R. T., R. L. Smith, and G. R. Aiken. 2012. Linkages between denitrification and
dissolved organic matter quality, Boulder Creek watershed, Colorado. Journal of
Geophysical Research 117:G01014.
Bartlett, K. B., and R. C. Harriss. 1993. Review and assessment of methane emissions from
wetlands. Chemosphere 26:261–320.
Batjes, N. H. 1996. Total carbon and nitrogen in the soils of the world. European Journal of Soil
Science 47:151–163.
Baumgartner, A. 1969 Meteorological approach to the exchange of CO2 between atmosphere and
vegetation, particularly forest stands. Photosynthetica, 3,127-149.

122
Benfield, E. F. 1996. Leaf breakdown in stream ecosystems. Pages 579–589 in Methods in
Stream Ecology. Academic Press San Diego, California.
Berg, B. 2000. Litter decomposition and organic matter turnover in northern forest soils. Forest
Ecology and Management 133:13–22.
Berg, B. and McClaugherty, C. 2008 Chemical constituents as rate-regulating: initial variation
and changes during decomposition. Pages 115 to 148 in Plant Litter: Decomposition, Humus
Formation, Carbon Sequestration 2nd Edition. Springer, Verlag Berlin Heidelberg
Berkowitz, J. F., and J. R. White. 2013. Linking wetland functional rapid assessment models with
quantitative hydrological and biogeochemical measurements across a restoration
chronosequence. Soil Science Society of America Journal 77:1442.
Bischel-Machung, L., R. Brooks, S. Yates, and K. Hoover. 1996. Soil properties of reference
wetlands and wetland creation projects in Pennsylvania. Wetlands 16:532–541.
Bond-Lamberty, B., C. Wang, and S. T. Gower. 2004. A global relationship between the
heterotrophic and autotrophic components of soil respiration? Global Change Biology
10:1756–1766.
Bowden, R., K. Nadelhoffer, R. Boone, J. Melillo, and J. Garrison. 1993. Contributions of
aboveground litter, belowground litter, and root respiration to total soil respiration in a
temperate mixed hardwood forest. Canadian Journal of Forest Research 23:1402–1407.
Bridgham, S. D., J. Patrick Megonigal, J. K. Keller, N. B. Bliss, and C. Trettin. 2006. The carbon
balance of North American wetlands. Wetlands 26:889–916.
Briggs, J. M., G. a. Hoch, and L. C. Johnson. 2002. Assessing the rate, mechanisms, and
consequences of the conversion of tallgrass prairie to Juniperus virginiana forest.
Ecosystems 5:578–586.
Brinson, M. M., and R. Rheinhardt. 1996. The role of reference wetlands in functional assessment
and mitigation. Ecological Applications 6:69–76.
Brooks, R. P., D. H. Wardrop, and J. A. Bishop. 2004. Assessing wetland condition on a
watershed basis in the mid-atlantic region using synoptic land-cover maps. Environmental
Monitoring and Assessment 94:9–22.
Brooks, R., Brinson, M., Wardrop, D., Bishop, J. 2013 Hydrogeomorphic (HGM) classification,
inventory, and reference wetlands. Pages 39 to 60 in R. Brooks and D. Wardrop, editors.
Mid-Atlantic Freshwater Wetlands: Advances in Wetland Science, Management, Policy,
and Practice. Springer, New York, New York, USA.
Brookshire, E., H. Valett, S. Thomas, and J. Webster. 2005. Coupled cycling of dissolved organic
nitrogen and carbon in a forest stream. Ecology 86:2487–2496.

123
Brubaker, K. 2011. Multi-scale LIDAR-based approaches to characterizing stream networks,
surface roughness and landforms of forest watersheds. The Pennsylvania State University
Bruland, G. L., and C. J. Richardson. 2006. Comparison of soil organic matter in created, restored
and paired natural wetlands in North Carolina. Wetlands Ecology and Management 14:245–
251.
Bruland, G. L., C. J. Richardson, and S. C. Whalen. 2006. Spatial variability of denitrification
potential and related soil properties in created, restored, and paired natural wetlands.
Wetlands 26:1042–1056.
Bubier, J., G. Bhatia, T. Moore, N. Roulet, and P. Lafleur. 2003. Spatial and temporal variability
in growing-season net ecosystem carbon dioxide exchange at a large peatland in Ontario,
Canada. Ecosystems 6:353–367.
Burford, J. R., and J. . Bremner. 1975. Relationships between the denitrification capacities of
soils and total, water-soluble and readily decomposable soil organic matter. Soil Biology
and Biochemistry 7:389–394.
Bystrom, O. 1998. The nitrogen abatement cost in wetlands. Ecological Economics 26:321–331.
Chamberlain, S., Wardrop, D., Fennessy, S., DeBerry, D. 2013 Hydrophytes in the Mid-Atlantic
region: an overview. Pages 159-258 in R. Brooks and D. Wardrop, editors. Mid-Atlantic
Freshwater Wetlands: Advances in Wetland Science, Management, Policy, and Practice.
Springer, New York, New York, USA.
Clair, T. A, P. Arp, T. R. Moore, M. Dalva, and F. R. Meng. 2002. Gaseous carbon dioxide and
methane, as well as dissolved organic carbon losses from a small temperate wetland under a
changing climate. Environmental pollution 116:S143–S148.
Cleemput, O., Boeckx, P., Lindgren, P., Tonderski, K. 2007 Biology of the Nitrogen Cycle, Chpt
23. Denitrification in Wetlands. Ed. Bothe H., Ferguson, S., and Newton, W. Elsevier
Committee on Environment and Natural Resources. 2010. Scientific Assessment of Hypoxia in
U.S. Coastal Waters. Interagency Working Group on Harmful Algal Blooms, Hypoxia, and
Human Health of the Join Subcommittee on Ocean Science and Technology. Washington,
DC.
Cornwell, W. K., J. H. C. Cornelissen, K. Amatangelo, E. Dorrepaal, V. T. Eviner, O. Godoy, S.
E. Hobbie, B. Hoorens, H. Kurokawa, N. Pérez-Harguindeguy, H. M. Quested, L. S.
Santiago, D. A Wardle, I. J. Wright, R. Aerts, S. D. Allison, P. van Bodegom, V. Brovkin,
A. Chatain, T. V Callaghan, S. Díaz, E. Garnier, D. E. Gurvich, E. Kazakou, J. A Klein, J.
Read, P. B. Reich, N. a Soudzilovskaia, M. V. Vaieretti, and M. Westoby. 2008. Plant
species traits are the predominant control on litter decomposition rates within biomes
worldwide. Ecology letters 11:1065–71.
Craig, L. S., M. A. Palmer, D. C. Richardson, S. Filoso, E. S. Bernhardt, B. P. Bledsoe, M. W.
Doyle, P. M. Groffman, B. A. Hassett, S. S. Kaushal, P. M. Mayer, S. M. Smith, and P. R.

124
Wilcock. 2008. Stream restoration strategies for reducing river nitrogen loads. Frontiers in
Ecology and the Environment 6:529–538.
Craft, C., and C. Richardson. 1998. Recent and long-term organic soil accretion and nutrient
accumulation in the Everglades. Soil Science Society of America Journal 62:834–843.
Crosbie, B., and P. Chow-Fraser. 1999. Percentage land use in the watershed determines the
water and sediment quality of 22 marshes in the Great Lakes basin. Canadian Journal of
Fisheries and Aquatic Sciences 56:1781–1791.
Cuffney, T. F. 1988. Input , movement and exchange of organic matter within a subtropical
coastal backwater river-floodplain system. Freshwater Biology 19:305–320.
Devlin, J. 2003. A spreadsheet method of estimating best-fit hydraulic gradients using head data
from multiple wells. Ground water 41:316–320.
Diaz, R. J., and R. Rosenberg. 2008. Spreading dead zones and consequences for marine
ecosystems. Science 321:926–929.
Dillon, P. J., and L. Molot. 1997. Effect of landscape form on export of dissolved organic carbon,
iron, and phosphorus from forested stream catchments. Water Resources Research 33:2591–
2600.
Dosskey, M. G., and P. M. Bertsch. 1994. Forest sources and pathways of organic matter
transport to a backwater stream: a hydrologic approach. Biogeochemistry 24:1–19.
Drohan, P. and Brooks, R. 2013. Hydric Soils of Mid-Atlantic Freshwater Wetlands. Pages 129158 in R. Brooks and D. Wardrop, editors. Mid-Atlantic Freshwater Wetlands: Advances in
Wetland Science, Management, Policy, and Practice. Springer, New York, New York, USA.
Easterling, W.E., P.K. Aggarwal, P. Batima, K.M. Brander, L. Erda, S.M. Howden, A. Kirilenko,
J. Morton, J.-F. Soussana, J. Schmidhuber and F.N. Tubiello, 2007: Food, fibre and forest
products. Climate Change 2007: Impacts, Adaptation and Vulnerability. Contribution of
Working Group II to the Fourth Assessment Report of the Intergovernmental Panel on
Climate Change, M.L. Parry, O.F. Canziani, J.P. Palutikof, P.J. van der Linden and C.E.
Hanson, Eds., Cambridge University Press, Cambridge, UK, 273-313.
Edwards, C. 2004. The importance of earthworms as key representatives of the soil fauna. Pages
3-12 in C. Edwards, editor. Earthworm Ecology, 2nd edition. CRC Press, Boca Raton,
Florida.
Ehrenfeld, J. G. 2003. Effects of exotic plant invasions on soil nutrient cycling processes.
Ecosystems 6:503–523.
Ellison, A. M., M. S. Bank, B. D. Clinton, E. A. Colburn, K. Elliott, C. R. Ford, D. R. Foster, B.
D. Kloeppel, J. D. Knoepp, G. M. Lovett, J. Mohan, D. A. Orwig, N. L. Rodenhouse, W. V
Sobczak, K. A. Stinson, J. K. Stone, C. M. Swan, J. Thompson, B. Von Holle, and J. R.

125
Webster. 2005. Loss of foundation species : consequences for the structure and dynamics of
forested ecosystems. Frontiers in Ecology and the Environment 3:479–486.
Emery, S. L., and J. A. Perry. 1996. Decomposition rates and phosphorus concentrations of
purple Loosestrife (Lythrum salicaria) and Cattail (Typha spp.) in fourteen Minnesota
wetlands. Hydrobiologia 323:129–138.
Enriquez, S., C. M. Duarte, and K. Sand-Jensen. 1993. Patterns in decomposition rates among
photosynthetic organisms : the importance of detritus C : N : P content. Oecologia 94:457–
471.
Fellman, J. B., D. V. D. Amore, E. Hood, and R. D. Boone. 2008. Fluorescence characteristics
and biodegradability of dissolved organic matter in forest and wetland soils from coastal
temperate watersheds in southeast Alaska. Biogeochemistry 88:169–184.
Fennessy, M. S., A. D. Jacobs, and M. E. Kentula. 2004. Review of Rapid Assessment Methods
for Assessing Wetland Condition. Page 82.
Fennessy, M. S., A. D. Jacobs, and M. E. Kentula. 2007. An evaluation of rapid methods for
assessing the ecological condition of wetlands. Wetlands 27:543–560.
Firestone, M. K., and E. A. Davidson. 1989. Microbiological basis of NO and N2O production
and consumption in soil. Pages 7–21 (M. O. Andreae and D. S. Schimel, Eds.) Exchange of
Trace Gases between Terrestrial Ecosystems and the Atmosphere. Wiley.
Franklin, S. B., J. a. Kupfer, R. Pezeshki, R. Gentry, and R. D. Smith. 2009. Efficacy of the
hydrogeomorphic model (HGM): A case study from western Tennessee. Ecological
Indicators 9:267–283.
Freeman, C., N. Fenner, N. J. Ostle, H. Kang, D. J. Dowrick, B. Reynolds, M. a Lock, D. Sleep,
S. Hughes, and J. Hudson. 2004. Export of dissolved organic carbon from peatlands under
elevated carbon dioxide levels. Nature 430:195–8.
Frei, S., K. H. Knorr, S. Peiffer, and J. H. Fleckenstein. 2012. Surface micro-topography causes
hot spots of biogeochemical activity in wetland systems: A virtual modeling experiment.
Journal of Geophysical Research 117:G00N12.
Freschet, G. T., R. Aerts, and J. H. C. Cornelissen. 2012. A plant economics spectrum of litter
decomposability. Functional Ecology 26:56–65.
Gee, W. and Bauder, J. 1986. Particle size analysis. Pages 383-441 in Methods of Soil Analysis:
Part 1- Physical and Mineralogical Methods Series 5.1. Soil Science Society of America.
American Society of Agronomy.
Gill, R., and R. Jackson. 2000. Global patterns of root turnover for terrestrial ecosystems. New
phytologist 147:13–31.

126
Gilliam, J. W. 1994. Riparian wetlands and water quality. Journal of Environment Quality
23:896.
Gorham, E. 1991. Northern peatlands: role in the carbon cycle and probable responses to climatic
warming. Ecological Applications 1:182–195.
Groffman, P., Tiedje, J., Robertson, G., Christensen S. 1988. Denitrification at different temporal
and geographical scales: proximal and distal controls. Pages 174-192 in J.R. Wilson (Ed.),
Advances in Nitrogen Cycling in Agricultural Ecosystems, CAB International, Wallingford,
UK.
Groffman, P. M., N. J. Boulware, W. C. Zipperer, R. V Pouyat, L. E. Band, and M. F. Colosimo.
2002. Soil nitrogen cycle processes in urban riparian zones. Environmental science &
technology 36:4547–52.
Groffman, P. M., M. A Altabet, J. K. Böhlke, K. Butterbach-Bahl, M. B. David, M. K. Firestone,
A. E. Giblin, T. M. Kana, L. P. Nielsen, and M. a Voytek. 2006. Methods for measuring
denitrification: diverse approaches to a difficult problem. Ecological applications : a
publication of the Ecological Society of America 16:2091–122.
Hadley, J. L., and J. L. Schedlbauer. 2002. Carbon exchange of an old-growth eastern hemlock
(Tsuga canadensis) forest in central New England. Tree physiology 22:1079–92.
Hagedorn, F., M. Saurer, and P. Blaser. 2004. A 13C tracer study to identify the origin of
dissolved organic carbon in forested mineral soils. European Journal of Soil Science 55:91–
100.
Hanson, G. C., P. M. Groffman, and A. J. Gold. 1994. Denitrification in riparian wetlands
receiving high and low groundwater nitrate inputs. Journal of Environment Quality 23:917.
Hanson, P. J., N. T. Edwards, C. T. Garten, and J. A. Andrews. 2000. Separating root and soil
microbial contributions to soil respiration : A review of methods and observations.
Biogeochemistry 48:115–146.
Harriss, R. C., D. I. Sebacher, K. B. Bartlett, D. S. Bartlett, and P. Crill. 1988. Sources of
atmospheric methane in the south Florida environment. Global Biogeochemical Cycles
2:231–243.
Havill, N. P., M. E. Montgomery, G. Yu, S. Shiyake, and A. Caccone. 2006. Mitochondrial DNA
from Hemlock Woolly Adelgid ( Hemiptera : Adelgidae ) Suggests Cryptic Speciation and
Pinpoints the Source of the Introduction to Eastern North America. Annals of the
Entomological Society of America 99:195–203.
Haycock, N. E., and G. Pinay. 1993. Groundwater nitrate dynamics in grass and poplar vegetated
riparian buffer strips during the winter. Journal of environmental quality 22:273–278.

127

Hector A, Schmid B, Beierkuhnlein C, Caldeira MC, Diemer M, Dimitrakopoulos PG, Finn J,
Freitas H, Giller PS, Good J, Harris R, Högberg P, Huss-Danell K, Joshi J, Jumpponen A,
Körner C, Leadley PW, Loreau M, Minns A, Mulder CPH, O’Donovan G, Otway SJ,
Pereira JS, Prinz A, Read DJ, Scherer-Lorenzen M, Schulze E-D, Siamantziouras A-SD,
Spehn EM, Terry AC, Troumbis AY, Woodward FI, Yachi S, Lawton JH. 1999. Plant
diversity and productivity experiments in European grasslands. Science 286:1123–1127.
Hector, A., A. Beale, A. Minns, S. J. Otway, and J. H. Lawton. 2000. Consequences of the
reduction of plant diversity for litter decomposition: effects through litter quality and
microenvironment. Oikos 90:357–371.
Hedin, L. O., J. C. Von Fischer, N. E. Ostrom, B. P. Kennedy, M. G. Brown, and G. P.
Robertson. 1998. Thermodynamic constraints on nitrogen transformations and other
biogeochemical processes at soil-stream interfaces. Ecology 79:684–703.
Hefting, M., J. C. Clément, D. Dowrick, A. C. Cosandey, S. Bernal, C. Cimpian, A. Tatur, T. P.
Burt, and G. Pinay. 2004. Water table elevation controls on soil nitrogen cycling in riparian
wetlands along a European climatic gradient. Biogeochemistry 67:113–134.
Hey, D., and N. Philippi. 1995. Flood reduction through wetland restoration: the upper
Mississippi river basin as a case history. Restoration Ecology 3:4–17.
Hobbie, S. E. 1996. Temperature and Plant Species Control Over Litter Decomposition in
Alaskan Tundra. Ecological Monographs 66:503–522.
Hochstein, L. I., M. Betlach, and G. Kritikos. 1984. The effect of oxygen on denitrification during
steady-state growth of Paracoccus halodenitrificans. Archives of Microbiology 137:74–78.
Hook, P. B., I. C. Burke, and W. K. Lauenroth. 1991. Heterogeneity of soil and plant N and C
associated with individual plants and openings in North American shortgrass steppe. Plant
and Soil 138:247–256.
Holmes, R. M., J. B. Jones, S. G. Fisher, and N. B. Grimm. 1996. Denitrification in a nitrogenlimited stream ecosystem. Biogeochemistry 33:125–146.
Horwath, W. 2007. Carbon cycling and formation of soil organic matter. Pages 303-337 in Paul,
E. Editor. Soil Microbiology and Biochemistry 3rd Ed. Elsevier, Burlington, MA, USA.
Howe, A., J. F. Rodríguez, and P. M. Saco. 2009. Surface evolution and carbon sequestration in
disturbed and undisturbed wetland soils of the Hunter estuary, southeast Australia.
Estuarine, Coastal and Shelf Science 84:75–83.
Hunter, R. G., and S. P. Faulkner. 2001. Denitrification potentials in restored and natural
bottomland hardwood wetlands. Soil Science Society of America Journal 65:1865–1872.

128
Hychka, K.C, Brooks, R.P., and Cole, A.C.. 2013 Hydrology of Mid-Atlantic Freshwater
Wetlands. Pages 109 to 129 in R. Brooks and D. Wardrop, editors. Mid-Atlantic Freshwater
Wetlands: Advances in Wetland Science, Management, Policy, and Practice. Springer, New
York, New York, USA.
Iversen, C. M., M. T. Murphy, M. F. Allen, J. Childs, D. M. Eissenstat, E. a. Lilleskov, T. M.
Sarjala, V. L. Sloan, and P. F. Sullivan. 2012. Advancing the use of minirhizotrons in
wetlands. Plant and Soil 352:23–39.
Jacobs, T. C., and J. W. Gilliam. 1985. Riparian losses of nitrate from agricultural drainage
waters. Journal of environmental quality 14:472–478.
Jenkins, J. C., J. D. Aber, and C. D. Canham. 1999. Hemlock woolly adelgid impacts on
community structure and N cycling rates in eastern hemlock forests. Canadian Journal of
Forest Research 29:630–645.
Jones, R. D., and M. a Hood. 1980. Effects of temperature, pH, salinity, and inorganic nitrogen on
the rate of ammonium oxidation by nitrifiers isolated from wetland environments. Microbial
ecology 6:339–347.
Jordan, T. E., D. F. Whigham, K. H. Hofmockel, and M. A. Pittek. 2003. Nutrient and sediment
removal by a restored wetland receiving agricultural runoff. Journal of environmental
quality 32:1534–47.
Jordan, T. E., M. P. Andrews, R. P. Szuch, D. F. Whigham, D. E. Weller, and A. D. Jacobs. 2007.
Comparing functional assessments of wetlands to measurements of soil characteristics and
nitrogen processing. Wetlands 27:479–497.
Jouquet, P., J. Dauber, J. Lagerlöf, P. Lavelle, and M. Lepage. 2006. Soil invertebrates as
ecosystem engineers: intended and accidental effects on soil and feedback loops. Applied
Soil Ecology 32:153–164.
Kalbitz, K., S. Solinger, J. Park, B. Michalzik, and E. Matzner. 2000. Controls on the dynamics of
dissolved organic matter in soils: a review. Soil Science 165:277–304.
Kalbitz, K., K. Kaiser, J. Bargholz, and P. Dardenne. 2006. Lignin degradation controls the
production of dissolved organic matter in decomposing foliar litter. European Journal of
Soil Science 57:504–516.
Katterer, T., and O. Andren. 1999. Growth dynamics of reed canarygrass (Phalaris arundinacea
L.) and its allocation of biomass and nitrogen below ground in a field receiving daily
irrigation and fertilisation. Nutrient Cycling in Agroecosystems 54:21–29.
Kittle, D. L., J. B. McGraw, and K. Garbutt. 1995. Plant litter decomposition in wetlands
receiving acid mine drainage. Journal of Environment Quality 24:301–306.

129
Kretzchmar, A., and J. Ladd. 1993. Decomposition of 14C-labelled plant material in soil: the
influence of substrate location, soil compaction and earthworm numbers. Soil Biology and
Biochemistry 25:803–809.
Kuzyakov, Y., and G. Domanski. 2000. Carbon input by plants into the soil. Review. Journal of
Plant Nutrition and Soil Science 163:421–431.
Lamlom, S. H., and R. a Savidge. 2006. Carbon content variation in boles of mature sugar maple
and giant sequoia. Tree physiology 26:459–68.
Langergraber, G., D. P. L. Rousseau, J. García, and J. Mena. 2009. CWM1: a general model to
describe biokinetic processes in subsurface flow constructed wetlands. Water Science and
Technology
Laurila, T., Aurela, M., Tuovinen, J. 2012 Eddy covariance measurements over wetlands. Pages
345-364 in Aubinet, M. Vesala, T., Papale D. Editors. Eddy Covariance: A Practical Guide
to Measurement and Data Analysis. Springer.
Lett, M. S., and A. K. Knapp. 2005. Woody plant encroachment and removal in mesic grassland :
production and composition responses of herbaceous vegetation. The American Midland
Naturalist 153:217–231.
Liao, C., R. Peng, Y. Luo, X. Zhou, X. Wu, C. Fang, J. Chen, and B. Li. 2007. Altered ecosystem
carbon and nitrogen cycles by plant invasion: a meta-analysis. New phytologist 177:706–14.
Li, C., S. Frolking, and T. Frolking. 1992. A model of nitrous oxide evolution from soil driven by
rainfall events: 1. Model structure and sensitivity. Journal of Geophysical Research
97:9759–9776.
Lindbo, D. and Richardson, J. 2001 Hydric soils and wetlands in riverine systems. Pages 283-301
in Richardson J. and Vepraskas M. editors. Wetland Soils: Genesis, Hydrology, Landscapes,
and Classification. CRC Press. Boca Raton, Florida, USA.
Lyttle, A., K. Yoo, C. Hale, A. Aufdenkampe, and S. Sebestyen. 2011. Carbon–mineral
interactions along an earthworm invasion gradient at a sugar maple forest in Northern
Minnesota. Applied Geochemistry 26:S85–S88.
Mander, U., S. Teiter, and J. Augustin. 2005. Emission of greenhouse gases from constructed
wetlands for wastewater treatment and from riparian buffer zones. Water Science and
Technology 52:167–76.
Matthews, E., and I. Fung. 1987. Methane emission from natural wetlands: global distribution,
area, and environmental characteristics of sources. Global Biogeochemical Cycles 1:61–86.
McClain, M. E., E. W. Boyer, C. L. Dent, S. E. Gergel, N. B. Grimm, P. M. Groffman, S. C.
Hart, J. W. Harvey, C. a. Johnston, E. Mayorga, W. H. McDowell, and G. Pinay. 2003.
Biogeochemical hot spots and hot moments at the interface of terrestrial and aquatic
ecosystems. Ecosystems 6:301–312.

130
McLaughlin, D., and M. Cohen. 2013. Realizing ecosystem services : wetland hydrologic
function along a gradient of ecosystem condition. Ecological Applications 23:1619–1631.
McNab, H. and Avers, P. 1996 Ecological Subregions of the United States. United States Forest
Service. WO-WSA-5
Milchunas, D. 2012 Production methods and their effects on field estimates of belowground net
primary production. Pages 303-341 in Mancuso, S. Editor. Measuring Roots: an Updated
Approach. Springer-Verlag Berlin Heidelberg.
Miller, J. N., R. P. Brooks, and M. J. Croonquist. 1997. Effects of landscape patterns on biotic
communities. Landscape Ecology 12:137–153.
Miller, S. J., D. H. Wardrop, W. M. Mahaney, and R. P. Brooks. 2006. A plant-based index of
biological integrity (IBI) for headwater wetlands in central Pennsylvania. Ecological
Indicators 6:290–312.
Mitsch, W. J., and J. W. Day. 2006. Restoration of wetlands in the Mississippi–Ohio–Missouri
(MOM) River basin: experience and needed research. Ecological Engineering 26:55–69.
Mitsch, W. and Gosselink, J. 2007. Wetlands 4th ed. John Wiley and Sons. Hoboken, New Jersey.
USA.
Monteith, J. L., and G. Szeicz. 1962. Radiative temperature. Quarterly Journal of the Royal
Meteorological Society 88:496–507.
Moon, J. B. 2012. Edaphic properties, their heterogeneity, and associated microbial communities
in headwater wetland complexes of the ridge and valley region of Pennsylvania. The
Pennsylvania State University.
Moon, J. and Wardrop, D. 2013 Linking landscapes to wetland condition: a case study of eight
headwater complexes in Pennsylvania. Pages 61 to 108 in R. Brooks and D. Wardrop,
editors. Mid-Atlantic Freshwater Wetlands: Advances in Wetland Science, Management,
Policy, and Practice. Springer, New York, New York, USA.
Moore, T., and R. Knowles. 1989. The influence of water table levels on methane and carbon
dioxide emissions from peatland soils. Canadian Journal of Soil Science 69:33–38.
Moore, T. R., J. L. Bubier, and L. Bledzki. 2007. Litter decomposition in temperate peatland
ecosystems: the effect of substrate and site. Ecosystems 10:949–963.
Morse, J. L., M. Ardón, and E. S. Bernhardt. 2012. Greenhouse gas fluxes in southeastern U.S.
coastal plain wetlands under contrasting land uses. Ecological Applications 22:264–280.
Moshiri G.A. (Ed.). 1993. Constructed wetlands for water quality improvement. Lewis
Publishers, Boca Raton.

131
Mulholland, P. J. 1981. Organic carbon flow in a swamp-stream ecosystem. Ecological
Monographs 51:307–322.
Myster, R. 2001. What is ecosystem structure? Caribbean Journal of Science 37:132–134.
Neff, J., and D. Hooper. 2002. Vegetation and climate controls on potential CO2, DOC and DON
production in northern latitude soils. Global Change Biology 8:872–884.
Nicholls, R.J., P.P. Wong, V.R. Burkett, J.O. Codignotto, J.E. Hay, R.F. McLean, S. Ragoonaden
and C.D. Woodroffe, 2007: Coastal systems and low-lying areas. Climate Change 2007:
Impacts, Adaptation and Vulnerability. Contribution of Working Group II to the Fourth
Assessment Report of the Intergovernmental Panel on Climate Change, M.L. Parry, O.F.
Canziani, J.P. Palutikof, P.J. van der Linden and C.E. Hanson, Eds., Cambridge University
Press, Cambridge, UK, 315-356.
Nichols, B. 1873. Atlas Blair and Huntingdon Counties Pennsylvania. A. Pomeroy and Co.
Philadelphia, PA. 161 p.
Orwig, D. A., D. R. Foster, and D. L. Mausel. 2002. Landscape patterns of hemlock
decline in New England due to the introduced hemlock woolly adelgid. Journal of
Biogeography 29:1475–1487.
Orwig, D., and D. Foster. 1998. Forest response to the introduced Hemlock Woolly Adelgid in
Southern New England, USA. Journal of the Torrey Botanical Society 125:60–73.
Palmer, M. A., R. F. Ambrose, and N. L. Poff. 1997. Ecological theory and community
restoration ecology. Restoration Ecology 5:291–300.
Parkin, T. B., and J. M. Tiedje. 1984. Application of a soil core method to investigate the effect of
oxygen concentration on denitrification. Soil Biology and Biochemistry 16:331–334.
Pellerin, B. A., S. S. Kaushal, and W. H. McDowell. 2006. Does anthropogenic nitrogen
enrichment increase organic nitrogen concentrations in runoff from forested and humandominated watersheds? Ecosystems 9:852–864.
Pelosi, C., M. Bertrand, Y. Capowiez, H. Boizard, and J. Roger-Estrade. 2009. Earthworm
collection from agricultural fields: comparisons of selected expellants in presence/absence
of hand-sorting. European Journal of Soil Biology 45:176–183.
Pennsylvania Bureau of Topographic and Geologic Survey, Department of Conservation and
Natural Resources. 2001 Bedrock Geology of Pennsylvania. Pennsylvania Bureau of
Topographic and Geologic Survey. Harrisburg, Pennsylvania.
Pennsylvania Geological Survey, Penn Pilot. Historical Aerial Photographs of
Pennsylvania. http://www.pennpilot.psu.edu/, last accessed 7/29/2014
PAMAP Program, PA Department of Conservation and Natural Resources, Bureau of
Topographic and Geologic Survey. 2008. PAMAP Program 3.2 ft Digital Elevation Model

132
of Pennsylvania. Pennsylvania Deparment of Conservation and Natural Resources,
Harrisburg, Pennsylvania.
Penn State Cooperative Wetlands Center. 2004. Monitoring and Assessing Pennsylvania
Wetlands. US, EPA. X-827157-01.
Pettit, N. E., T. Davies, J. B. Fellman, P. F. Grierson, D. M. Warfe, and P. M. Davies. 2012. Leaf
litter chemistry, decomposition and assimilation by macroinvertebrates in two tropical
streams. Hydrobiologia 680:63–77.
Pfenning, K., and P. McMahon. 1996. Effect of nitrate, organic carbon, and temperature on
potential denitrification rates in nitrate-rich riverbed sediments. Journal of Hydrology
187:283–295.
Poorter, H., and O. Nagel. 2000. The role of biomass allocation in the growth response of plants
to different levels of light, CO2, nutrients and water: a quantitative review. Australian
Journal of Plant Physiology 27:595–607.
Prescott, C. E. 2010. Litter decomposition: what controls it and how can we alter it to sequester
more carbon in forest soils? Biogeochemistry 101:133–149.
Raich, J. W., and A. Tufekcioglu. 2000. Vegetation and soil respiration : correlations and
controls. Biogeochemistry 48:71–90.
Rasse, D. P., C. Rumpel, and M.-F. Dignac. 2005. Is soil carbon mostly root carbon? Mechanisms
for a specific stabilisation. Plant and Soil 269:341–356.
Reinhardt, C.H., C.A. Cole, and L.R. Stover. 2000. A method for coring inland, freshwater
wetland soils. Wetlands 20:422-426.
Richardson, C. 1985. Mechanisms controlling phosphorous retention capacity in freshwater
wetlands. Science 228:1424–1427.
Richardson, J. 2006. Process-based and landscape-level measurements of soil organic carbon
sequestration and fluxes in southern New England forests. University of Rhode Island.
Riparia, The Pennsylvania State University Reference Wetland Collection,
http://wetlands.psu.edu, last accessed 7/29/2014
Ritchie, J. C., and J. R. Mchenry. 1990. Application of radioactive fallout Cesium-137 for
measuring soil erosion and sediment accumulation rates and patterns: a review. Journal of
environmental quality 19:215–233.
Robertson, L., and J. G. Kuenen. 1984. Aerobic denitrification: a controversy revived. Archives
of Microbiology 139:351–354.
Robertson, P. G., M. A. Huston, F. C. Evans, and J. M. Tiedje. 1988. Spatial variability in a
successional plant community : patterns of nitrogen availability. Ecology 69:1517–1524.

133
Rochette, P., R. L. Desjardins, and E. Pattey. 1991. Spatial and temporal variability of soil
respiration in agricultural fields. Canadian Journal of Soil Science 71:189–196.
Rosenzweig, C., G. Casassa, D.J. Karoly, A. Imeson, C. Liu, A. Menzel, S. Rawlins, T.L. Root,
B. Seguin, P. Tryjanowski, 2007: Assessment of observed changes and responses in natural
and managed systems. Climate Change 2007: Impacts, Adaptation and Vulnerability.
Contribution of Working Group II to the Fourth Assessment Report of the
Intergovernmental Panel on Climate Change, M.L. Parry, O.F. Canziani, J.P. Palutikof, P.J.
van der Linden and C.E. Hanson, Eds., Cambridge University Press, Cambridge, UK, 79131.
Roulet, N. T. 2000. Peatlands, carbon storage, greenhouse gases, and the Kyoto Protocol:
Prospects and significance for Canada. Wetlands 20:605–615.
Ruess, R., K. Van Cleve, J. Yarie, and L. Viereck. 1996. Contributions of fine root production
and turnover to the carbon and nitrogen cycling in taiga forests of the Alaskan interior.
Canadian Journal of Forest Research 26:1326–1336.
Ryan, P. 2005 Decomposition dynamics mediated by litter quality in headwater floodplain
wetlands in Pennsylvania. The Pennsylvania State University.
Savage, K. E., and E. A. Davidson. 2001. Interannual variation of soil respiration in two New
England forests. Global Biogeochemical Cycles 15:337–350.
Schiff, S., R. Aravena, E. Mewhinney, R. Elgood, B. Warner, P. Dillon, and S. Trumbore. 1998.
Precambrian shield wetlands: hydrologic control of the sources and export of dissolved
organic matter. Climatic Change 40:167–188.
Schipper, L. A., C. G. Harfoot, P. N. Mcfarlane, and A. B. Cooper. 1994. Anaerobic
decomposition and denitrification during plant decomposition in an organic soil. Journal of
environmental quality 23:923–928.
Schwartz, M. W., C. a. Brigham, J. D. Hoeksema, K. G. Lyons, M. H. Mills, and P. J. van
Mantgem. 2000. Linking biodiversity to ecosystem function: implications for conservation
ecology. Oecologia 122:297–305.
Seitzinger, S. 1994. Linkages between organic matter mineralization and denitrification in eight
riparian wetlands. Biogeochemistry 25:19–39.
Shurpali, N. J., N. P. Hyvönen, J. T. Huttunen, C. Biasi, H. Nykänen, N. Pekkarinen, and P. J.
Martikainen. 2008. Bare soil and reed canary grass ecosystem respiration in peat extraction
sites in Eastern Finland. Tellus 60B:200–209.
Simek, M., and J. E. Cooper. 2002. The influence of soil pH on denitrification : progress towards
the understanding of this interaction over the last 50 years. European Journal of Soil Science
53:345–354.

134
Sirivedhin, T., and K. a. Gray. 2006. Factors affecting denitrification rates in experimental
wetlands: Field and laboratory studies. Ecological Engineering 26:167–181.
Smith, R. D., A. Amman, C. Bartoldus, and M. Brinson. 1995. An Approach for Assessing
Wetland Functions Using Hydrogeomorphic Classification, Reference Wetlands, and
Functional Indices. Pages 1–90.
Soil Survey Staff, Natural Resources Conservation Service, United States Department of
Agriculture. Soil Survey Geographic (SSURGO) Database for Pennsylvania. Available
online at http://soildatamart.nrcs.usda.gov. 2005. Modified by Riparia.
Stander, E. K., and J. G. Ehrenfeld. 2009. Rapid assessment of urban wetlands: do
hydrogeomorphic classification and reference criteria work? Environmental management
43:725–42.
Stewart, C. E. 2012. Evaluation of angiosperm and fern contributions to soil organic matter using
two methods of pyrolysis-gas chromatography-mass spectrometry. Plant and Soil 351:31–
46.
Strauss, E., and G. Lamberti. 2002. Effect of dissolved organic carbon quality on microbial
decomposition and nitrification rates in stream sediments. Freshwater Biology 47:65–74.
Strand, A. E., S. G. Pritchard, M. L. McCormack, M. a Davis, and R. Oren. 2008. Irreconcilable
differences: fine-root life spans and soil carbon persistence. Science 319:456–458.
Swink, F. and Wilhelm, G. 1994. Plants of the Chicago Region. 4th ed. Indianapolis: Indiana
Academy of Science.
Trenberth, K.E., P.D. Jones, P. Ambenje, R. Bojariu, D. Easterling, A. Klein Tank, D. Parker, F.
Rahimzadeh, J.A. Renwick, M. Rusticucci, B. Soden and P. Zhai, 2007: Observations:
Surface and Atmospheric Climate Change. In: Climate Change 2007: The Physical Science
Basis. Contribution of Working Group I to the Fourth Assessment Report of the
Intergovernmental Panel on Climate Change [Solomon, S., D. Qin, M. Manning, Z. Chen,
M. Marquis, K.B. Averyt, M. Tignor and H.L. Miller (eds.)]. Cambridge University Press,
Cambridge, United Kingdom and New York, NY, USA.
Trebitz, A. S., J. C. Brazner, A. M. Cotter, M. L. Knuth, J. a. Morrice, G. S. Peterson, M. E.
Sierszen, J. A. Thompson, and J. R. Kelly. 2007. Water Quality in Great Lakes Coastal
Wetlands: Basin-wide Patterns and Responses to an Anthropogenic Disturbance Gradient.
Journal of Great Lakes Research 33:67–85.

United States Department of Agriculture, Natural Resources Conservation Service. 2010 Field
Indicators of Hydric Soils in the United States, Version 7.0. L.M. Vasilas, G.W. Hurt, and
C.V. Noble (eds.). USDA, NRCS, in cooperation with the National Technical Committee
for Hydric Soils.

135
United States Environmental Protection Agency. 2000. Mid-Atlantic Highlands Streams
Assessment. EPA-903-R-00-015. 74pp.
United States Geological Survey. 1999. National Elevation Dataset 10 Meter 7.5X7.5 minute
quadrangle for Pennsylvania. National Cartography and Geospatial Center, Fort Worth, TX.
Vargo, S. M., R. K. Neely, and S. M. Kirkwood. 1998. Emergent plant decomposition and
sedimentation: response to sediments varying in texture, phosphorus content and frequency
of deposition. Environmental and Experimental Botany 40:43–58.
Wardrop, D. H., and R. P. Brooks. 1998. The occurrence and impact of sedimentation in central
Pennsylvania wetlands. Environmental Monitoring and Assessment 51:119–130.
Wardrop, D. H., M. E. Kentula, S. F. Jensen, D. L. Stevens, K. C. Hychka, and R. P. Brooks.
2007a. Assessment of wetlands in the Upper Juniata watershed in Pennsylvania, USA using
the hydrogeomorphic approach. Wetlands 27:432–445.
Wardrop, D. H., M. E. Kentula, D. L. Stevens, S. F. Jensen, and R. P. Brooks. 2007b. Assessment
of wetland condition: an example from the Upper Juniata watershed in Pennsylvania, USA.
Wetlands 27:416–431.
Warner, E., Myers, W., Bishop, J., Miller, D 2005 Land cover classification for Pennsylvania.
Digital map data. Penn State Institutes of Energy and the Environment, Pennsylvania State
University, University Park, Pennsylvania. In cooperation with the Pennsylvania
Department of Conservation of Natural Resources, Harrisburg, Pennsylvania.
Wardle, D. A., K. Bonner, and K. S. Nicholson. 1997. Biodiversity and plant litter: experimental
evidence which does not support the view that enhanced species richness improves
ecosystem function. Oikos 79:247–258.
Weishaar, J. L., G. R. Aiken, B. a Bergamaschi, M. S. Fram, R. Fujii, and K. Mopper. 2003.
Evaluation of specific ultraviolet absorbance as an indicator of the chemical composition
and reactivity of dissolved organic carbon. Environmental Science & Technology 37:4702–
8.
Westman, W. E. 1978. Measuring the Inertia and Resilience of Ecosystems. BioScience 28:705–
710.
Whiting, G. J., and J. P. Chanton. 2001. Greenhouse carbon balance of wetlands: methane
emission versus carbon sequestration. Tellus 53B:521–528.
Wösten, J. H. M., Y. A. Pachepsky, and W. J. Rawls. 2001. Pedotransfer functions: bridging the
gap between available basic soil data and missing soil hydraulic characteristics. Journal of
Hydrology 251:123–150.

136
Zak, D., K. Pregitzer, J. King, and W. Holmes. 2000. Elevated atmospheric CO2, fine roots and
the response of soil microorganisms : a review and hypothesis. New phytologist 147:201–
222.
Zedler, J. 2003. Wetlands at your service: reducing impacts of agriculture at the watershed scale.
Frontiers in Ecology and the Environment 1:65–72.
Zehetner, F., G. J. Lair, and M. H. Gerzabek. 2009. Rapid carbon accretion and organic matter
pool stabilization in riverine floodplain soils. Global Biogeochemical Cycles 23:GB4004 1–
7.
Zimmerman, E., T. Davis, G. Podniesinski, M. Furedi, J. McPherson, S. Seymour, B.
Eichelberger, N. Dewar, J. Wagner, and J. Fike (editors). 2012. Terrestrial and Palustrine
Plant Communities of Pennsylvania, 2nd Edition. Pennsylvania Natural Heritage Program,
Pennsylvania Department of Conservation and Natural Resources, Harrisburg,
Pennsylvania.
Zorn, M. I., C. a. M. Van Gestel, and H. Eijsackers. 2005. Species-specific earthworm population
responses in relation to flooding dynamics in a Dutch floodplain soil. Pedobiologia 49:189–
198.

137

Appendix A: Additional Site Information and Images

Plant Lists
Table A-1. Whipple Dam Plant List
Scientific Name

Family
Fabaceae

Native
Status
N

Regional Wetland
Indicator Status
FAC

Amphicarpaea bracteata
Arisaema triphyllum

Araceae

N

FACW-

Berberis thunbergii

Berberidaceae

I

FACU

Betula alleghaniensis

Betulaceae

N

FAC

Boehmeria cylindrica

Urticaceae

N

FACW+

Cryptotaenia canadensis

Apiaceae

N

FAC

Eleocharis palustris

Cyperaceae

N

OBL

Fraxinus nigra

Oleaceae

N

FACW

Glyceria melicaria

Poaceae

N

OBL

Impatiens capensis

Balsaminaceae

N

FACW

Leersia virginica

Poaceae

N

FACW

Lycopus uniflorus

Lamiaceae

N

OBL

Maianthemum canadense

Liliaceae

N

FAC-

Microstegium vimineum

Poaceae

I

FAC

Nyssa sylvatica

Cornaceae

N

FAC

Onoclea sensibilis

Dryopteridaceae

N

FACW

Osmunda cinnamomea

Osmundaceae

N

FACW

Osmunda regalis var. spectabilis

Osmundaceae

N

OBL

Parthenocissus quinquefolia

Vitaceae

N

FACU

Pinus strobus

Pinaceae

N

FACU

Polygonatum pubescens

Liliaceae

N

Polygonum sagittatum

Polygonaceae

N

OBL

Polygonum sagittatum

Polygonaceae

N

OBL

Quercus alba

Fagaceae

N

FACU-

Rubus flagellaris

Rosaceae

N

UPL

Thelypteris noveboracensis

Thelypteridaceae

N

FACW

Toxicodendron radicans
Tsuga canadensis

Anacardiaceae
Pinaceae

N
N

FAC
FACU
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Table A-2. Fork Plant List
Native
Status

Regional Wetland
Indicator Status

Aceraceae

N

FACU

Acer rubrum

Aceraceae

N

FAC

Betula alleghaniensis

Betulaceae

N

FAC

Carex swanii

Cyperaceae

N

FACU

Gaultheria procumbens

Ericaceae

N

FACU

Hamamelis virginiana

Hamamelidaceae

N

FAC-

Lindera benzoin

Lauraceae

N

FACW-

Liriodendron tulipifera

Magnoliaceae

N

FACU

Nyssa sylvatica

Cornaceae

N

FAC

Quercus bicolor

Fagaceae

N

FACW+

Rhododendron maximum

Ericaceae

N

FAC

Rubus flagellaris

Rosaceae

N

UPL

Sassafras albidum

Lauraceae

N

FACU-

Thelypteris noveboracensis

Thelypteridaceae

N

FACW

Trientalis borealis

Primulaceae

N

FAC

Tsuga canadensis

Pinaceae

N

FACU

chimaphila maculata

Pyrolaceae

N

Scientific Name

Family

Acer pensylvanicum
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Table A-3. Shaver’s Creek Plant List
Native
Status

Regional Wetland
Indicator Status

Aceraceae

N

FACU-

Agrimonia gryposepala

Rosaceae

N

FACU

Amphicarpaea bracteata

Fabaceae

N

FAC

Arisaema triphyllum

Araceae

N

FACW-

Erythronium americanum

Liliaceae

N

Berberis thunbergii

Berberidaceae

I

FACU

Boehmeria cylindrica

Urticaceae

N

FACW+

Brachyelytrum erectum

Poaceae

N

Carex prasina

Cyperaceae

N

Carpinus caroliniana

Betulaceae

N

FAC

Carya ovata

Juglandaceae

N

FACU-

Clematis virginiana

Ranunculaceae

N

FAC

Cryptotaenia canadensis

Apiaceae

N

FAC

Elaeagnus umbellata

Elaeagnaceae

I

Equisetum arvense

Equisetaceae

N

Eurybia divaricata

Asteraceae

N

Fagus grandifolia

Fagaceae

N

Festuca subverticillata

Poaceae

N

FACU

Fraxinus nigra

Oleaceae

N

FACW

Galium triflorum

Rubiaceae

N

FACU

Geum canadense

Rosaceae

N

FACU

Glyceria striata

Poaceae

N

OBL

Coptis trifolia

Ranunculaceae

N

FACW

Hepatica nobilis var. obtusa

Ranunculaceae

N

Impatiens capensis

Balsaminaceae

N

FACW

Leersia virginica

Poaceae

N

FACW

Ligustrum vulgare

Oleaceae

I

FACU

Lindera benzoin

Lauraceae

N

FACW-

Lonicera morrowii

Caprifoliaceae

I

Lysimachia nummularia

Primulaceae

I

OBL

Microstegium vimineum

Poaceae

I

FAC

Mitchella repens

Rubiaceae

N

FACU

Onoclea sensibilis

Dryopteridaceae

N

FACW

Oxalis dillenii

Oxalidaceae

N

Packera aurea

Asteraceae

N

FACW

Parthenocissus quinquefolia

Vitaceae

N

FACU

Poa pratensis

Poaceae

I

FACU

Polygonatum biflorum

Liliaceae

N

FACU

Scientific Name

Family

Acer saccharum

OBL

FAC
FACU
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Polygonum arifolium

Polygonaceae

N

OBL

Polystichum acrostichoides

Dryopteridaceae

N

FACU-

Prenanthes trifoliolata

Asteraceae

N

Prunus serotina

Rosaceae

N

FACU

Quercus bicolor

Fagaceae

N

FACW+

Quercus rubra

Fagaceae

N

FACU-

Rosa multiflora

Rosaceae

I

FACU

Sanguinaria canadensis

Papaveraceae

N

Sanicula canadensis

Apiaceae

N

UPL

Smilax rotundifolia
Symphyotrichum
prenanthoides

Smilacaceae

N

FAC

Asteraceae

N

FAC

Symplocarpus foetidus

Araceae

N

OBL

Taraxacum officinale

Asteraceae

I

FACU-

Thalictrum pubescens
Toxicodendron radicans

Ranunculaceae
Anacardiaceae

N
N

FACW+
FAC

Tsuga canadensis

Pinaceae

N

FACU

Veronica officinalis

Scrophulariaceae

I

FACU-
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Table A-4. Cambaris Plant List
Native
Status

Regional Wetland
Indicator Status

Scientific Name

Family

Acer saccharum

Aceraceae

N

FACU-

Alliaria petiolata

Brassicaceae

I

FACU-

Anthoxanthum odoratum

Poaceae

I

FACU

Eurybia divaricata

Asteraceae

N

Berberis thunbergii

Berberidaceae

I

Carex blanda

Cyperaceae

N

FAC

Carex lurida

Cyperaceae

N

OBL

Carex squarrosa

Cyperaceae

N

FACW

Carex stipata

Cyperaceae

N

OBL

Carex swanii

Cyperaceae

N

FACU

Carex trisperma

Cyperaceae

N

OBL

Carpinus caroliniana

Betulaceae

N

FAC

Carya ovata

Juglandaceae

N

FACU-

Dichanthelium clandestinum

Poaceae

N

FAC+

Dryopteris intermedia

Dryopteridaceae

N

FACU

Fragaria vesca

Rosaceae

I

Fraxinus pennsylvanica

Oleaceae

N

FACW

Geum canadense

Rosaceae

N

FACU

Geum laciniatum

Rosaceae

N

FAC+

Glyceria striata

Poaceae

N

OBL

Hemerocallis fulva

Liliaceae

I

Hesperis matronalis

Brassicaceae

I

Holcus lanatus

Poaceae

I

FACU

Impatiens capensis

Balsaminaceae

N

FACW

Juncus effusus var. pylaei

Juncaceae

N

FACW+

Ligustrum vulgare

Oleaceae

I

FACU

Lonicera morrowii

Caprifoliaceae

I

Monotropa uniflora

Monotropaceae

N

FACU-

Nyssa sylvatica

Cornaceae

N

FAC

Onoclea sensibilis

Dryopteridaceae

N

FACW

Parthenocissus quinquefolia

Vitaceae

N

FACU

Phalaris arundinacea

Poaceae

N

FACW+

Pinus strobus

Pinaceae

N

FACU

Poa trivialis

Poaceae

I

FACW

Podophyllum peltatum

Berberidaceae

N

FACU

Potentilla simplex

Rosaceae

N

FACU-

Prunus serotina

Rosaceae

N

FACU

Quercus rubra

Fagaceae

N

FACU-

FACU
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Rosa multiflora

Rosaceae

I

FACU

Rumex obtusifolius

Polygonaceae

I

FACU-

Smilax rotundifolia

Smilacaceae

N

FAC

Solidago rugosa

Asteraceae

N

FAC

Thelypteris noveboracensis
Toxicodendron radicans

Thelypteridaceae
Anacardiaceae

N
N

FACW
FAC

Viburnum dentatum

Caprifoliaceae

N

FAC

Viburnum lentago

Caprifoliaceae

N

FAC
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Table A-5. Cauldron Plant List
Native Status

Regional Wetland
Indicator Status

Scientific Name

Family

Achillea millefolium

Asteraceae

N

FACU

Agrostis stolonifera

Poaceae

I

FACW

Allium cernuum

Liliaceae

N

Arisaema dracontium

Araceae

N

Arrhenatherum elatius

Poaceae

I

FACU

Boehmeria cylindrica

Urticaceae

N

FACW+

Carex baileyi

Cyperaceae

N

OBL

Carex blanda

Cyperaceae

N

FAC

Carex cristatella

Cyperaceae

N

FACW

Carex granularis

Cyperaceae

N

FACW+

Carex lurida

Cyperaceae

N

OBL

Carex scoparia

Cyperaceae

N

FACW

Carex squarrosa

Cyperaceae

N

FACW

Carex stipata

Cyperaceae

N

OBL

Carex vulpinoidea

Cyperaceae

N

OBL

Catalpa speciosa

Bignoniaceae

I

FAC

Cirsium arvense

Asteraceae

I

FACU

Cornus amomum

Cornaceae

N

FACW

Securigera varia

Fabaceae

I

Dactylis glomerata

Poaceae

I

Dipsacus fullonum

Dipsacaceae

I

Elaeagnus umbellata

Elaeagnaceae

I

Equisetum arvense

Equisetaceae

N

FAC

Fraxinus pennsylvanica

Oleaceae

N

FACW

Galium asprellum

Rubiaceae

N

OBL

Geum laciniatum

Rosaceae

N

FAC+

Hesperis matronalis

Brassicaceae

I

Impatiens capensis

Balsaminaceae

N

FACW

Juglans nigra

Juglandaceae

N

FACU

Juncus dudleyi

Juncaceae

N

Juncus effusus var. pylaei

Juncaceae

N

FACW+

Juncus tenuis

Juncaceae

N

FAC-

Lysimachia ciliata

Primulaceae

N

FACW

Myosotis scorpioides

Boraginaceae

I

OBL

Oxalis dillenii

Oxalidaceae

N

Parthenocissus quinquefolia

Vitaceae

N

Pastinaca sativa

Apiaceae

I

Penstemon digitalis

Scrophulariaceae

N

FACW

FACU

FACU
FAC
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Phalaris arundinacea

Poaceae

N

FACW+

Phleum pratense

Poaceae

I

FACU

Poa palustris
Polygonum sagittatum

Poaceae
Polygonaceae

N
N

FACW
OBL

Pycnanthemum virginianum

Lamiaceae

N

FAC

Ranunculus hispidus
Rosa multiflora

Ranunculaceae
Rosaceae

N
I

FAC
FACU

Rumex crispus

Polygonaceae

I

FACU

Scirpus cyperinus

Cyperaceae

N

FACW+

Solidago odora

Asteraceae

N

Solidago rugosa
Toxicodendron radicans

Asteraceae
Anacardiaceae

N
N

FAC
FAC

Vernonia noveboracensis

Asteraceae

N

FACW+

Vitis riparia

Vitaceae

N

FACW
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Table A-6. Mosquito Plant List
Native
Status

Regional Wetland
Indicator Status

N

FAC+

Brassicaceae

I

FACU-

Liliaceae
Fabaceae

N
N

FACU
FAC

Arctium minus

Asteraceae

I

Arisaema dracontium
Boehmeria cylindrica
Calystegia sepium

Araceae
Urticaceae
Convolvulaceae

N
N
N

FACW
FACW+
FAC-

Carex cristatella

Cyperaceae

N

FACW

Carex frankii

Cyperaceae

N

OBL

Cirsium arvense

Asteraceae

I

FACU

Conium maculatum

Apiaceae

I

FACW

Elymus hystrix

Poaceae

N

Fraxinus pennsylvanica

Oleaceae

N

Galium asprellum

Rubiaceae

N

OBL

Geum canadense

Rosaceae

N

FACU

Glechoma hederacea

Lamiaceae

I

FACU

Hesperis matronalis

Brassicaceae

I

Impatiens capensis

Balsaminaceae

N

FACW

Juglans nigra

Juglandaceae

N

FACU

Leersia oryzoides

Poaceae

N

OBL

Lysimachia nummularia

Primulaceae

I

OBL

Parthenocissus quinquefolia

Vitaceae

N

FACU

Phalaris arundinacea

Poaceae

N

FACW+

Pilea pumila

Urticaceae

N

FACW

Platanus occidentalis

Platanaceae

N

FACW-

Poa trivialis

Poaceae

I

FACW

Polygonum hydropiperoides

Polygonaceae

N

OBL

Polygonum perfoliatum
Polygonum sagittatum

Polygonaceae
Polygonaceae

I
N

FAC
OBL

Polygonum virginianum
Rosa multiflora

Polygonaceae
Rosaceae

N
I

FAC
FACU

Rubus pensilvanicus

Rosaceae

N

Rumex obtusifolius

Polygonaceae

I

FACU-

Sambucus nigra ssp. canadensis

Caprifoliaceae

N

FACW-

Solidago gigantea

Asteraceae

N

FACW

Solidago rugosa

Asteraceae

N

FAC

Scientific Name

Family

Acer negundo

Aceraceae

Alliaria petiolata
Allium canadense
Amphicarpaea bracteata

FACW
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Toxicodendron radicans

Anacardiaceae

N

FAC

Ulmus rubra

Ulmaceae

N

FAC

Urtica dioica

Urticaceae

I

FACU

Verbesina alternifolia

Asteraceae

N

FAC

Vitis riparia

Vitaceae

N

FACW
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Historic Atlas Images and Aerial Photography

Figure A-1. County atlas map of Whipple Dam area (Nichols 1873)
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Figure A-2. Aerial photograph of Whipple Dam area from 1938 (www.pennpilot.psu.edu)
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Figure A-3. Aerial photograph of Whipple Dam area from 1958 (www.pennpilot.psu.edu)
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Figure A-4. Aerial photograph of Whipple Dam area from 1967 (www.pennpilot.psu.edu)
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Figure A-5. Current image of Whipple Dam area (Google Earth 2012)
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Figure A-6. County atlas map of Fork area (Nichols 1873)
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Figure A-7. Aerial photograph of Fork area from 1939 (www.pennpilot.psu.edu)
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Figure A-8. Aerial photograph of Fork area from 1958 (www.pennpilot.psu.edu)
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Figure A-9. Aerial photograph of Fork area from 1967 (www.pennpilot.psu.edu)
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Figure A-10. Current image of Fork area (Google Earth 2012)

157

Figure A-11. County atlas map of Shaver’s Creek area (Nichols 1873)
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Figure A-12. Aerial photograph of Shaver’s Creek area from 1938 (www.pennpilot.psu.edu)
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Figure A-13. Aerial photograph of Shaver’s Creek area from 1958 (www.pennpilot.psu.edu)
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Figure A-14. Aerial photograph of Shaver’s Creek area from 1967 (www.pennpilot.psu.edu)
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Figure A-15. Current image of Shaver’s Creek area (Google Earth 2012)
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Figure A-16. County atlas map of Cambaris area (Nichols 1873)
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Figure A-17. Aerial photograph of Cambaris area from 1938 (www.pennpilot.psu.edu)
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Figure A-18. Aerial photograph of Cambaris area from 1958 (www.pennpilot.psu.edu)
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Figure A-19. Aerial photograph of Cambaris area from 1967 (www.pennpilot.psu.edu)
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Figure A-20. Current image of Cambaris area (Google Earth 2012)
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Figure A-21. County atlas map of Cauldron area (Nichols 1873)
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Figure A-22. Aerial photograph of Cauldron area from 1938 (www.pennpilot.psu.edu)
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Figure A-23. Aerial photograph of Cauldron area from 1958 (www.pennpilot.psu.edu)

170

Figure A-24. Aerial photograph of Cauldron area from 1967 (www.pennpilot.psu.edu)
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Figure A-25. Current image of Cauldron area (Google Earth 2012)
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Figure A-26. County atlas map of Mosquito area (Nichols 1873)
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Figure A-27. Aerial photograph of Mosquito area from 1938 (www.pennpilot.psu.edu)
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Figure A-28. Aerial photograph of Mosquito area from 1958 (www.pennpilot.psu.edu)
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Figure A-29. Aerial photograph of Mosquito area from 1967 (www.pennpilot.psu.edu)
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Figure A-30. Current image of Mosquito area (Google Earth 2012)
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Current Site Photos

Figure A-31. Whipple Dam (image credit Aliana Britson)
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Figure A-32. Fork (image credit Aliana Britson)
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Figure A-33. Shaver’s Creek (image credit Aliana Britson)
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Figure A-34. Cambaris (image credit Aliana Britson)
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Figure A-35. Cauldron (image credit Aliana Britson)

182

Figure A-36. Mosquito (image credit Hannah Ingram)
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103.9 ± 22.1

Leaf litter

Inputs

66.0 ± 78.3

14.1 ± 19.3

88.8 ± 82.4

131.5 ± 191.8

153.9 ± 234.1

39.7 ± 45.5

Coarse root

92.3 ± 40.9

219.8 ± 155.5

577.0 ± 506.9

358.7 ± 353.5

627.7 ± 496.3

202.0 ± 231.8

Fine root

976.5 ± 1238.7

121.4 ± 362.1

680.8 ± 1349.3

672.9 ± 850.2

889.8 ± 475.3

287.3 ± 889.0

Heterotrophic
respiration

203.4 ± 92.0

127.4 ± 68.9

197.5 ± 150.1

130.9 ± 40.9

53.8

117.3 ± 53.0

DOC export

Outputs

-686.3 ± 1248.0

279.9 ± 407.5

63.4 ± 1453.6

7.5 ± 950.7

324.3 ± 731.0

48.9 ± 922.4

Carbon
Accumulation
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Appendix B: Chapter 4 Extra Tables

Table B-1. Carbon inputs, outputs, and budget by site (g C/m2/year) (mean ± standard deviation)

222.5 ± 58.2 (26)

43 ± 10.8 (25)

164.7 ± 49.6 (30)

Cauldron

Mosquito

234 ± 220 (94)

192 ± 67.7 (35)

38.5 ± 26.4 (69)

Leaf Litter (g/m2 )

609.3 ± 189.6 (31)

670 ± 171 (26)
9.3 ± 16.8 (181)

0 ±0

290.9 ± 152.3 (52) 125.5 ± 80.2 (64)

232.2 ± 125 (54)

Shavers Creek 294.3 ± 113.6 (39)

Cambaris

543.4 ± 150.6 (28)

297.2 ± 42.9 (14)

Fork

231.9 ± 71 (31)

209.3 ± 44.5 (21)

(g/m2 )

(g/m2 )

Whipple Dam

Herbaceous Litter

Woody Debris

430 ± 493.6 (115)

Fine Roots (g/m2 )

597.6 ± 708.4 (119)

136.2 ± 187.4 (138)

762.8 ± 707.1 (93)

1129.2 ± 1647 (146)

441.6 ± 195.9 (44)

1319.6 ± 933.6 (71)

1213.5 ± 1066.2 (88)

752.2 ± 741.4 (99)

1287.5 ± 1958.5 (152) 1267.7 ± 1002.4 (79)

353.5 ± 405 (115)

Coarse Roots (g/m2 )

4.86 ± 2.63 (54)

5.29 ± 4.02 (76)

2.25 ± 0.7 (31)

3.32 ± 0 (0)

2.77 ± 1.25 (45)

DOC (mg/L)

2169.96 ± 2752.72 (127) 4.49 ± 2.03 (45)

269.84 ± 804.76 (298)

1945.1 ± 3855.12 (198)

1922.61 ± 2429.09 (126)

2542.4 ± 1358.08 (53)

820.76 ± 2540.07 (309)

(g/m2 /year)

Soil Respiration
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Table B-2. Measured values for biomass, soil respiration, and DOC (mean ± standard deviation
(COV))
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Table B-3. Percent C measured for input parameters by site (mean ± standard deviation (COV))
Litterfall %C

Herbaceous %C

Coarse Root %C Fine Root %C

Whipple Dam

42.7 ± 4.93 (12)

38.22 ± 9.01 (24)

44.96 ± NA

46.97 ± NA

Fork

40.73 ± 6.25 (15) 48.48 ± 3.39 (7)

47.81 ± NA

49.51 ± NA

Shavers Creek 47.47 ± 1.49 (3)

34.88 ± 11.38 (33) 46.59 ± NA

47.68 ± NA

Cambaris

49.63 ± 0.46 (1)

36.96 ± 8.29 (22)

46.59 ± NA

47.54 ± NA

Cauldron

41.81 ± 8.34 (20) 41.39 ± 3.49 (8)

41.27 ± NA

33.32 ± NA

Mosquito

50.63 ± 0.19 (0)

44.19 ± NA

41.79 ± NA

40.58 ± 1.68 (4)
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Table B-4. Water table percent time above -30 cm and 0 cm for each site
% Time above 30 cm % Time above 0 cm
Whipple Dam

55.44 ± 24.6

7.02 ± 9.68

Fork*

50.48 ± NA

3.51 ± NA

Shavers Creek 45.53 ± 34.76

0±0

Cambaris

19.67 ± 26.36

0.55 ± 2.41

Cauldron

30.53 ± 21.91

0.79 ± 1.93

Mosquito

23.68 ± 23.69

4.47 ± 10.43

*Due to vandalism at Fork, hydraulic metrics were estimated from an average of percent time
above 0 and 30 cm at Shaver’s Creek and Whipple Dam, which have similar disturbance levels
and have shown similar hydroperiods in past studies (Ryan 2005; Moon 2012; Hychka et al.
2013)
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Appendix C: Chapter 5 Extra Figures

Figure C-1. Non-significant relationships between water chemistry variables and I´. Circles
represent high disturbance sites and triangles represent low disturbance sites.

188

Figure C-2. Non-significant relationships between soil variables and I´. Circles represent high
disturbance sites and triangles represent low disturbance sites.
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Figure C-3. Non-significant relationships between plant biomass variables and I´. Circles
represent high disturbance sites and triangles represent low disturbance sites.
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Figure C-4. Non-significant relationships between herbaceous litter quality variables and I´.
Circles represent high disturbance sites and triangles represent low disturbance sites.

191

Figure C-5. Non-significant relationships between leaf litter quality variables and I´. Circles
represent high disturbance sites and triangles represent low disturbance sites.
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